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ABSTRACT 

Introduction and Objectives 

1,4-Dioxane and per- and polyfluoroalkyl substances (PFASs) co-occur in mixed plumes at several 
Department of Defense (DoD) sites and are resistant to many natural and engineered degradation 
processes. Costly ex situ treatment technologies are often required to break them down. More cost-
efficient destructive treatment approaches are urgently needed that can (1) generate synergistic 
effects and (2) optionally be applied in situ. Our previous work has shown that electrochemical 
water treatment, one of the few processes that can break the C-F bond in PFASs, can be installed 
in situ. Building on this work, the objective of this project was to advance the efficacy of 
combining electrochemical with biological oxidation for the in situ remediation of groundwater 
contaminated by mixed COCs. 

Technical Approach 

Our bioelectrochemical treatment train approach is based on creating synergistic effects between 
two processes: (1) rapid electrochemical oxidation on dimensionally stable electrodes and (2) 
enhancement of aerobic biodegradation processes via electrochemically generated oxygen with 
concurrent removal of inhibiting co-contaminants. Here, we tested various mesh electrode 
materials in both commercial and custom-fabricated flow-through electrochemical reactors and 
investigated the coupling with 1,4-dioxane biodegradation by Pseudonocardia dioxanivorans 
CB1190 and aqueous film-forming foam (AFFF) pretreatment by the laccase-producing fungus 
Trametes versicolor. 

Results 

Bioelectrochemical treatment rapidly reduced concentrations of 1,4-dioxane by several orders of 
magnitude even in the presence of biologically inhibitory chlorinated solvents, demonstrating the 
technology’s viability for both source zone and plume treatment. Coupling electrochemical with 
biological oxidation reduced energy consumption, material usage, and treatment costs by about 
one order of magnitude while mitigating oxidation by-product formation. Several mesh anode 
materials were shown to be effective for flow-through PFAS mineralization, Magnéli-phase 
titanium suboxides being the most efficient. Over 99% of PFAS removal was achieved, 
demonstrating fluoride generation without aqueous organofluorine intermediate formation. Fungal 
AFFF pretreatment did not conclusively lead to PFAS transformation, possibly due to time 
limitations, but aerobic degradation of non-fluorinated AFFF components decreased the energy 
consumption of subsequent electrochemical treatment by 20%. The energy consumption of in situ 
electrochemical PFAS treatment under mass transfer-limitations is high, however, and further 
efforts on process configuration, material development, and implementation should be explored. 

Benefits 

At many sites, remediation of groundwater impacted with 1,4-dioxane, chlorinated solvents, and 
PFASs requires costly ex situ treatment. In this project, we provided DoD site managers with a 
new technology to treat mixed persistent contaminants in situ. Bioelectrochemical treatment is 
sufficiently developed and understood to move ahead with field application, and is currently being 
tested at the pilot-scale. More work is needed to establish in situ (bio)electrochemical PFAS 
treatment, but this research provides a solid foundation and critical early insights.  
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EXECUTIVE SUMMARY 

Introduction 

A recent review showed that the groundwater at 59% of Department of Defense (DoD) sites was 
impacted by more than one chemical, including chlorinated volatile organic compounds (CVOCs), 
1,4-dioxane, and per- and polyfluoroalkyl substances (PFASs). 1,4-Dioxane and PFASs are 
persistent organic pollutants that are widespread in the environment. Due to its application as 
stabilizing agent in chlorinated solvents, 1,4-dioxane frequently co-occurs with CVOCs such as 
1,1,1-trichloroethane (1,1,1-TCA) and trichloroethene (TCE). PFASs are a highly complex group 
of anthropogenic chemicals comprising thousands of individual species and critical components 
of aqueous film-forming foams (AFFFs). While labile non-fluorinated moieties of PFASs are 
prone to partial abiotic and biotic transformation processes, the chemical and thermal stability of 
the perfluoroalkyl tails translates into an extraordinary recalcitrance in the environment. 

1,4-Dioxane and PFASs are resistant to many natural degradation processes and traditional water 
treatment technologies. Costly ex situ treatment technologies involving strong oxidants and/or 
ultraviolet light are often required to break it down. Consequently, more cost-efficient treatment 
approaches are acutely needed that can (1) generate synergistic effects between treatment 
processes and (2) optionally be applied in situ. 

In our previous work, we have gathered valuable insights in the implementation of electrochemical 
water treatment both in situ and ex situ. The final design of an in situ electrolytic barrier (“e-

Barrier”, Figure ES 1) installed at Pueblo Chemical Depot for the treatment of energetic 
compounds included a sequence of multiple active electrodes mounted on vinyl sheet pile sections. 

Our first-generation laboratory-scale studies on bioelectrochemical degradation of 1,4-dioxane in 
bench-scale flow-through reactors had shown that concurrent stimulation of Pseudonocardia 
dioxanivorans CB1190 leads to an over-additive treatment effect by (1) providing O2 to aerobic 
microorganisms via anodic oxidation of water and (2) concurrent degradation of inhibiting 
trichloroethene (TCE). However, critical questions remained to be addressed on the path to field-
scale installation regarding performance optimization, oxidation by-product formation, and 
sustainability. Furthermore, while mixed metal oxide electrodes have been shown to oxidize 
PFASs, other electrode materials such as boron-doped diamond (BDD) and Magnéli-phase 
titanium suboxides were reported to be potentially more efficient. Consequently, two critical steps 
were required before in situ electrochemical water treatment can be (cost-)effectively implemented 
at PFAS-impacted field sites: (1) the testing of dimensionally stable mesh electrode materials, and 
(2) the determination of optimum design and operational parameters to optimize synergistic 
treatment effects. 
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Figure ES 1: Conceptual design of an in situ electrolytic barrier (“e-Barrier”). 

Objectives 

The overarching objective of this project was to advance the efficacy of bioelectrochemical 
treatment for the remediation of groundwater contaminated by mixed contaminants of concern 
(COCs), focusing on PFASs as well as 1,4-dioxane in the presence of CVOCs. The guiding idea 
was to establish contaminant degradation by flow-through mesh electrodes, enabling in situ 
implementation as permeable reactive barrier, providing DoD site managers with guidance on 
treatment options and design for specific remedial goals with the following specific objectives: 
• to test dimensionally stable electrodes that enable rapid oxidation of COCs in flow-through 

reactors; 
• to enhance aerobic biodegradation processes via electrochemically generated molecular 

oxygen; 
• to remove co-occurring COCs that inhibit biodegradation; 
• to remove readily biodegradable co-contaminants and thereby increase the electrochemical 

treatment efficiency for more refractory COCs; 
• to develop a greater understanding of potential treatment synergies that could lead to cost 

savings and improved remedial strategies. 
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Technical Approach 

Bioelectrochemical treatment of mixed 1,4-dioxane and CVOC contaminations was tested in 
bench-scale flow-through column reactors with doped tin oxide-coated titanium (Ti/SnO2-X) mesh 
anodes. The columns were packed with sand, either sterilized or inoculated with the aerobic 
metabolic 1,4-dioxane degrader Pseudonocardia dioxanivorans CB1190. The experiments were 
performed in the presence and absence of 1,1-dichloroethene (1,1-DCE). Two different potentials 
were compared. 

In situ treatment of PFASs was first tested in custom-fabricated flow-through electrochemical 
reactors with three different types of anode mesh materials: Magnéli-phase titanium suboxides 
TinO2n-1, boron-doped diamond (BDD), and IrO2-Ta2O5 mixed metal oxides. The impacts of 
varying current density, flow velocity, electrolyte conductivity, initial PFAS concentration, PFAS 
chain length/branching, and PFAS functional head group on electrochemical oxidation kinetics 
were compared. A fluorine mass balance was established based on both aqueous-phase and gas-
phase analyses. 

To explore bioelectrochemical treatment of PFASs, biological and electrochemical oxidation 
processes were tested independently due to substantially different kinetics. For biological 
pretreatment of AFFF-spiked water, fungal degradation was investigated in aerobic batch 
containers. Electrochemical oxidation was performed in a commercial flow cell with a BDD anode. 
Three treatment experiments were conducted: (1) PFOS only in synthetic electrolyte solution, (2) 
AFFF in the same pure electrolyte solution, and (3) AFFF solution pretreated with Trametes 
versicolor, a laccase-producing fungus. 

Results and Discussion 

Bioelectrochemical treatment degraded 1,4-dioxane significantly faster than electrochemical 
treatment alone. 1,4-Dioxane influent concentrations were rapidly reduced from around 100,000 
µg/L by more than four orders of magnitude to below our detection limit of 3 µg/L (Figure ES 2). 
The application of an electric potential was associated with a higher abundance of P. dioxanivorans 
CB1190 in both sessile and planktonic states. The presence of 5 mg/L 1,1-DCE, one of the 
strongest known inhibitors of 1,4-dioxane biodegradation, reduced 1,4-dioxane degradation rates 
but did not stall the process. Compared to electrochemical treatment only, the coupling with 
biological metabolism reduced energy consumption, material usage, and consequently overall 
treatment costs by about one order of magnitude while generating lower amounts of oxidation by-
products such as chlorate and perchlorate. Our results establish that bioelectrochemical treatment 
is a synergistic, sustainable technology for water contaminated with 1,4-dioxane and chlorinated 
co-contaminants to meet strict regulatory thresholds. 
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Figure ES 2: 1,4-Dioxane removal for bioelectrochemical treatment. Open markers 
represent absence, solid markers show the presence of the co-contaminant 1,1-DCE in the 
feed water. The vertical dashed lines indicate the location of (leading) anode and (trailing) 
cathode pairs.  

The Magnéli-phase titanium suboxides anode achieved higher perfluorooctane sulfonate (PFOS) 
oxidation rates and lower energy consumption than BDD and IrO2-Ta2O5, and was thus chosen for 
further testing. Electrochemical oxidation rates increased with increasing current density, 
decreasing water conductivity, increasing seepage velocity, and decreasing PFOS concentration. 
Over 99% of PFOS removal was achieved under continuous flow conditions (Figure ES 3). The 
fluorine mass balance showed that most PFOS-bonded F was released as fluoride, while no organic 
intermediates were detected in the aqueous phase. Each ~2% of fluorine was recovered as HF and 
organofluorine intermediates in the gas phase. A comparison of 10 PFAS revealed a 
hydrophobicity-driven increase in oxidation rate with increasing perfluoroalkyl chain length as 
well as faster oxidation kinetics for perfluoroalkyl carboxylic acids (PFCAs) compared to 
perfluoroalkane sulfonic acids (PFSAs), likely due to contributions from electrochemically 
activated sulfate. The energy consumption of PFAS treatment under simulated slow-flow 
groundwater conditions was substantially higher than in ex situ electrochemical systems optimized 
for enhanced mass transfer. Consequently, future work should focus on in situ treatment design 
optimization with an emphasis on power requirements. Collectively, our investigations 
demonstrate that among the few water treatment technologies capable of breaking the carbon-
fluorine bond, electrochemical treatment is a promising approach for in situ destruction of PFAS 
in the subsurface. 
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Figure ES 3: A) Aqueous fluorine mass balance for the electrochemical oxidation of ~200 
μg/L PFOS at a Magnéli-phase TinO2n-1 mesh anode, showing the time-dependent 
concentrations of F bonded in the parent PFOS (orange), generated fluoride in aqueous 
solution (blue) and the sum of these two species as total F (black). The red line indicates F 
concentration in the system at the start of the experiment. B) Total fluorine mass balance at 
the end of the 74-hour experiment. 

In the commercial flow cell with a BDD anode, we showed that electrochemical oxidation of PFOS 
only in synthetic electrolyte solution proceeds faster than in complex AFFF solution due to 
competition by other AFFF components. Fungal treatment of a dilute complex AFFF sample for 
19 days showed losses of PFSAs as well as some PFCAs and polyfluorinated species compared to 
a killed control (Figure ES 4), but no fluoride generation as evidence for C-F bond cleavage could 
be observed. In contrast, fungal degradation of non-fluorinated AFFF components was readily 
observed (Figure ES 4). This latter process alone led to a 20% lower energy consumption during 
electrochemical treatment of the dilute AFFF sample compared to direct electrochemical oxidation 
without fungal pretreatment. Consequently, remediation cost savings are possible by granting 
natural degradation processes time and space, and focusing these expensive treatment methods on 
the most persistent PFAAs only. 
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Figure ES 4: Top: Normalized PFAS concentrations after 19 days of fungal pretreatment 
normalized to the initial concentrations. Bottom: C10-alkyl ethoxylate surfactant 
concentrations over time during fungal pretreatment normalized to the initial 
concentrations. 
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Implications for Future Research and Benefits 

Our research shows that bioelectrochemical treatment can effectively, efficiently, and sustainably 
reduce 1,4-dioxane concentrations by several orders of magnitude, even in the presence of 
inhibitory chlorinated solvents. Consequently, this technology should be effective in source zones 
as well as in dilute plumes, possibly meeting the strict low- or sub-ppb 1,4-dioxane regulatory 
limits where purely (co-)metabolic bioremediation approaches are challenged. Dimensionally 
stable mesh electrodes can be operative for extended periods (i.e., months, years) if proper scale 
management via polarity reversals is performed. Due to the success of our research performed 
within this project, bioelectrochemical treatment of mixed 1,4-dioxane and CVOC contaminations 
has been scaled up and is currently pilot-tested in drum-scale reactors at an undisclosed non-DoD 
site in the U.S. We believe that future efforts should be focused on further scale-up and explore 
whether bioelectrochemical treatment is effective with other types of bacteria including co-
metabolizing strains and mixed cultures. Installations other than permeable reactive barriers such 
as integration into a subgrade biogeochemical reactor seem possible. With these findings, DoD 
site managers have one more technology option in their toolbox for sites at which 1,4-dioxane and 
chlorinated solvents impacts require active remediation. 

Regarding PFASs, our findings show that various mesh electrode materials are capable of breaking 
down even the most persistent perfluoroalkyl acids (PFAAs), paving the way for in situ 
electrochemical groundwater treatment. While we were unable to find conclusive evidence of 
fungal PFAS defluorination during the relatively short experimental time frame, our experiments 
did demonstrate that biodegradation of non-fluorinated AFFF components have the potential to 
significantly lower treatment costs. However, electrochemical PFAS oxidation is notoriously mass 
transfer-limited, and typically slow groundwater seepage velocities in combination with high 
current densities needed for PFAS destruction results in low faradaic efficiency, causing excessive 
gas formation and low direct electron transfer rates to the target PFAS molecules. 

As water treatment and remediation technologies have matured in recent years, combining 
processes in efficient treatment trains promises further economic and environmental benefits. In 
this project, we have advanced the efficacy of bioelectrochemical treatment for the remediation of 
groundwater contaminated by mixed contaminants of concern. While this technology appears to 
be ready for field application at 1,4-dioxane- and CVOC-impacted sites, more research and work 
remains to be performed for in situ electrochemical treatment of more persistent PFASs. At the 
moment, any destructive PFAS treatment is expensive, but process and material optimizations 
leading to considerable cost savings are still waiting to be discovered. 
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1   OBJECTIVE 

This project was conducted based on the SERDP Statement of Need ERSON-17-01, addressing 
the need for improved strategies for remediating mixed contaminants in groundwater. A recent 
review had shown that the groundwater at 59% of Department of Defense (DoD) sites was 
contaminated by more than one compound, including chlorinated volatile organic compounds 
(CVOCs), 1,4-dioxane, and per- and polyfluoroalkyl substances (PFASs). 

The overarching objective of this project was to advance the efficacy of bioelectrochemical 
treatment for the remediation of groundwater contaminated by mixed contaminants of concern 
(COCs), focusing on PFASs as well as 1,4-dioxane in the presence of CVOCs. The guiding idea 
was to establish contaminant degradation by flow-through mesh electrodes, enabling in situ 
implementation as permeable reactive barrier (“e-Barrier”, Figure 1), providing DoD site managers 
with guidance on treatment options and design for specific remedial goals with the following 
specific objectives: 

 to test dimensionally stable electrodes that enable rapid oxidation of COCs in flow-through 
reactors; 

 to enhance aerobic biodegradation processes via electrochemically generated molecular 
oxygen; 

 to remove co-occurring COCs that inhibit biodegradation; 

 to remove readily biodegradable co-contaminants and thereby increase the electrochemical 
treatment efficiency for more refractory COCs; 

 to develop a greater understanding of potential treatment synergies that could lead to cost 
savings and improved remedial strategies. 

 

Figure 1: Conceptual design of an in situ electrolytic barrier.  
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2   BACKGROUND 

1,4-Dioxane and PFASs are persistent organic pollutants (POPs) that are widespread due to their 
frequent use and resistance to many natural degradation processes. 1,4-Dioxane is a water-miscible 
chemical with low potential for adsorption to soil and therefore capable of rapid migration in 
groundwater.1 Its physicochemical properties make 1,4-dioxane resistant to many of the traditional 
water treatment technologies like air stripping and sorption to activated carbon, and costly ex situ 
technologies involving ultraviolet light in combination with strong oxidants are often required to 
break it down.2 U.S. state-specific drinking water criteria for 1,4-dioxane currently range from 
0.25 to 50 µg/L, while groundwater criteria range from 0.3 to 200 µg/L.3 PFASs are a highly 
complex group of anthropogenic chemicals comprising thousands of individual species,4 and 
critical components of aqueous film-forming foams (AFFFs). PFASs may vary in functional group 
substitution, ionization state, chain length, degree of branching and other characteristics, but their 
perfluoroalkyl moiety provides a common chemical and thermal stability along with both 
hydrophobic and oleophobic properties.5 In addition, polar and ionizable headgroups cause 
surface-active behavior.6 While labile non-fluorinated moieties of PFASs are prone to partial 
abiotic and biotic transformation processes, the chemical and thermal stability of the perfluoroalkyl 
groups translates into an extraordinary recalcitrance in the environment.7 The U.S. Environmental 
Protection Agency (EPA) recently established health advisory levels for PFOS and PFOA in 
drinking water of 70 ng/L, both separately and combined.8 

Due to its application as stabilizing agent in chlorinated solvents, 1,4-dioxane frequently co-occurs 
with CVOCs such as 1,1,1-trichloroethane (1,1,1-TCA) and trichloroethene (TCE). While aerobic 
biodegradation of 1,4-dioxane has been shown to occur, the presence of CVOCs typically inhibits 
the responsible microorganisms.9,10 Furthermore, the use of AFFFs in firefighting training has led 
to PFAS contamination of groundwater at DoD sites that are already contaminated with COCs 
such as 1,4-dioxane and TCE. Weathers et al. (2016)11 showed that PFASs may inhibit reductive 
dechlorination of TCE by repressing Dehalococcoides. Thus, synergistic treatment approaches are 
critically needed to enable and enhance both chemical and biological degradation of mixed COCs. 

Due to different physicochemical properties, biodegradability and inhibiting co-solvent 
interactions, complex treatment trains or harsh advanced oxidation processes are necessary to treat 
mixed contaminants. Owing to these processes’ size or involvement of ultraviolet (UV) light, 
treatment typically has to occur ex situ, and thus presents an insurmountable cost challenge for the 
remediation of mixed groundwater plumes. Consequently, more cost-efficient treatment 
approaches are acutely needed that can (1) generate synergistic effects between treatment 
processes and (2) optionally be applied in situ. 

In our previous work, we have gathered valuable insights in the implementation of electrochemical 
water treatment both in situ12,13 and ex situ14. The final design of the e-Barrier installed at Pueblo 
Chemical Depot for the treatment of energetic compounds (Figure 2, Figure 3, Sale et al. (2010)13) 
included a sequence of multiple active electrodes mounted on vinyl sheet pile sections. The total 
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width of the e-Barrier was 35 feet and intercepted a 240 ft2 section of the plume. The e-Barrier was 
successfully operated for 770 days by a solar power supply. 

 

Figure 2: Installation of in situ e-Barrier at Pueblo Chemical Depot. 
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Figure 3: In situ e-Barrier at Pueblo Chemical Depot including solar power supply. 

Our first-generation laboratory-scale studies on 
bioelectrochemical degradation of 1,4-dioxane using 
titanium - iridium/tantalum mixed metal oxide (Ti-MMO) 
electrodes (Figure 4) in bench-scale flow-through reactors 
had shown that concurrent stimulation of Pseudonocardia 
dioxanivorans CB1190 leads to an overadditive treatment 
effect by (1) providing O2 to aerobic microorganisms via 
anodic oxidation of water and (2) concurrent degradation of 
inhibiting trichloroethene (TCE).15 However, critical 
questions remained to be addressed on the path to field-scale 
installation regarding performance optimization, oxidation 
by-product formation, and sustainability. Furthermore, 
while mixed metal oxide electrodes have been shown to 
oxidize PFASs16, other electrode materials such as boron-
doped diamond (BDD) and Magnéli-phase titanium 
suboxides TinO2n-1 were reported to be potentially more 
efficient.17,18 Consequently, two critical steps were required before in situ electrochemical  water 
treatment can be (cost-)effectively implemented at PFAS-impacted field sites: (1) the testing of 
dimensionally stable mesh electrode materials, and (2) the determination of optimum design and 
operational parameters to optimize synergistic treatment effects. 

  

Figure 4: Ti-MMO mesh 
electrode processed for flow-
through column installation. 
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3   BIOELECTROCHEMICAL TREATMENT OF MIXED 1,4-DIOXANE 
AND CVOC CONTAMINATIONS 

3.1 Introduction 

1,4-Dioxane (1,4-D) is a synthetic industrial chemical that has been frequently detected in 
groundwater and industrial wastewater. Due to its widespread use as solvent stabilizer, it often co-
occurs with chlorinated volatile organic compounds (CVOCs) such as 1,1-dichloroethene (1,1-
DCE), trichloroethane (TCA), and trichloroethene (TCE).1 The U.S. Environmental Protection 
Agency has classified 1,4-dioxane as “likely to be carcinogenic to humans” by all routes of 
exposure.2 In the U.S., state-specific drinking water criteria for 1,4-dioxane currently range from 
0.25 to 50 µg/L, while groundwater criteria range from 0.3 to 200 µg/L.3 It is estimated that more 
than 20% of U.S. water bodies have been contaminated with 1,4-dioxane at concentrations 
exceeding 0.35 µg/L, and in some instances concentrations in groundwater and industrial 
wastewater may be as high as tens or hundreds of mg/L.1,4-7 

In the environment, 1,4-dioxane has shown remarkable recalcitrance to natural biological and 
chemical attenuation processes, and has proven challenging to be removed by traditional water 
treatment approaches. Generally, strong oxidants are needed to activate the diether ring.5-9 Several 
studies have demonstrated that advanced oxidation processes (AOPs) such as H2O2, plasma, UV, 
peroxymonosulfate, and ozone treatment are effective in generating reactive oxygen species (ROS) 
to degrade 1,4-dioxane.10-27 Electrochemical oxidation has emerged as a promising technology to 
remove persistent organic pollutants28-32 because it is cost-competitive with other AOPs33 and can 
be implemented for in situ groundwater treatment by using mesh electrodes.34-35 Indirect oxidation 
through generated ROS such as ꞏOH and direct electron transfer were shown as the main 
degradation mechanism of this technology.36 However, despite the effectiveness of 
electrochemical oxidation processes, high capital costs and considerable energy consumption have 
thus far deferred field-scale applications.  

Biological degradation of 1,4-dioxane has been studied as an alternative remedial strategy to treat 
contaminated water bodies. Laboratory-scale studies have demonstrated metabolic and co-
metabolic pathways for 1,4-dioxane under aerobic conditions for instance by Pseudonocardia 
dioxanivorans CB1190 (referred to as “CB1190” hereafter), Mycobacterium sp. PH-06, 
Pseudonocardia sp. ENV478, Methylosinus trichosporium OB3b, Mycobacterium 
austroafricanum  JOB5, and Rhodococcus ruber ENV425.37-46 However, in both metabolic and 
co-metabolic degradation of 1,4-dioxane, it has been proven challenging to reduce 1,4-dioxane 
concentrations to sub-ppb regulatory limits for in situ application of bioremediation either due to 
dependency on 1,4-dioxane as the only carbon source or lack of sufficient primary substrates.47-48 
Furthermore, it is well-documented that the presence of CVOCs significantly inhibits 1,4-dioxane 
degrading microorganisms due to delayed ATP production as well as down-regulation of both 1,4-
dioxane monooxygenase (dxmB) and aldehyde dehydrogenase (aldH) genes.46,49 Consequently, 
the lack of oxygen and the presence of chlorinated co-contaminants limit the effectiveness of 
biodegradation as the sole water treatment strategy. 
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Recently, we coupled electrochemical with biological oxidation by CB1190, a microaerophilic 
bacterium that can grow on 1,4-dioxane as its sole electron donor and carbon source, to degrade 
1,4-dioxane in contaminated water.31 However, this limited proof-of-principle study employed 
only one pair of electrodes, did not allow for spatial sampling and thus determination of 
degradation kinetics along the column, and assessed a relatively weak inhibitor compound (TCE). 
Thus, more detailed investigations are critically needed on the technology’s path toward scale-up 
for field application.   

In this study, we designed a 2nd generation bioelectrochemical flow-through reactor with the 
objectives (1) to optimize process performance, (2) to obtain a thorough understanding of 
bioelectrochemical oxidation by CB1190 based on parameters critical for future scale-up and 
application in real-world contamination management, and (3) to consider the sustainability of this 
technology based on material usage and energy footprint. As model CVOC, we chose 1,1-DCE to 
challenge the process with worst-case conditions as 1,1-DCE has shown the highest inhibition 
effect on 1,4-dioxane biodegradation by CB1190.46,49 Finally, we characterized the reactor effluent 
for disinfection by-products (DBPs) and toxicity to obtain a holistic evaluation of 
bioelectrochemical oxidation systems as effective treatment for 1,4-dioxane-contaminated water. 

3.2 Materials and Methods 

3.2.1 Chemicals 

1,4-Dioxane (99.5%, Fisher Scientific), 1,1-DCE (99.5%, Alfa Aesar), vinyl chloride (99%, 
Restek), chloromethane, chloroform and carbon tetrachloride (99.99%, Restek) were used for 
calibration standards and/or in influent contaminant mixtures. Dichloromethane and toluene 
(99.96%, OmniSolv Millipore EMD) were used as extraction solvents. 1,4-Dioxane-d8 (99% and 
99 atom %D, Sigma-Aldrich) was used for isotopic dilution quantitation. 

3.2.2 Sterilization and disinfection protocol 

All reactor components such as tubing, valves, reactor body (polyvinyl chloride, PVC) were 
disinfected by soaking in 70% ethanol overnight. The feed water tank and all glassware were 
autoclaved at 121 °C for ≥60 minutes. Acid-washed sand was heat-sterilized at 450 °C overnight 
and then autoclaved at 121 °C for ≥60 minutes. 

3.2.3 Flow-through column reactors 

89 cm-long reactors were built using 10-cm diameter clear PVC pipe (Figure 5). Three 
dimensionally stable, disc-shaped pairs of mesh electrodes (1.0 mm thick with 1.0 × 2.8 mm 
openings) were installed at 15 cm distance to leave sufficient space for biodegradation processes, 
designed based on our previous observations that the highest cell abundance in bioelectrochemical 
columns was ~10 cm downstream of the trailing cathode.31 The mesh anodes were doped tin oxide-
coated titanium (Ti/SnO2-X; Optima™ IRSA, Evoqua Water Technologies). Doped tin oxide 
coatings have substantially lower cost compared to boron-doped diamond, faster oxidation kinetics 
compared to many other metal oxide-based coatings such as RuO2 and Ta2O5, and a long service 
life.28,50-51 The mesh cathodes were Ti/IrO2-Ta2O5 (ELGARD™, Corrpro).30-31 Six liquid sampling 
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ports and five solid sampling ports were distributed throughout the reactors. The reactors were 
equipped with seven gas vents along the reactor to collect generated gasses in a 20-L Tedlar® bag. 
The columns were packed with sterilized or inoculated 8-12 mesh quartz silica sand for abiotic 
and biotic experiments, respectively. 

3.2.4 Bioelectrochemical experiments 

(Bio)electrochemical oxidation was studied at two applied cell potentials of 3 and 6 volts, resulting 
in anode potentials of 2.2 V versus standard hydrogen electrode (SHE) and 5.0 V vs. SHE, 
respectively, as measured with a Dri-Ref 5 reference electrode (World Precision Instruments, Inc.). 
We note that a high anode potential likely prevents direct attachment of microorganisms, and 
bioelectrochemical processes occur spatially separated with electrolytically generated O2 as 
electron transfer mediator. A biological control experiment was run with inoculated sand and no 
potential applied to the electrodes. 

 

Figure 5: Schematic of the flow-through bioelectrochemical reactors. The red and blue 
vertical lines represent the locations of the mesh anodes and cathodes, respectively. 
Additional sampling ports for liquid samples were present at both inlet and outlet of the 
column reactors. 

In all biotic experiments, sterilized sand was inoculated with CB1190 in 3 L ammonium mineral 
salt (AMS) medium44 with 100 to 500 mg/L 1,4-dioxane for >6 days after the 1,4-dioxane 
biodegradation rate had reached 200 mg∙L-1∙d-1. In the case of combined biological and 
electrochemical oxidation, the power supply was turned on once the column had been packed with 
inoculated sand. 

The influent solution was made in 20-L batches and contained AMS medium (Table 1) spiked with 
100 mg/L of 1,4-dioxane and 5 mg/L of 1,1-DCE for co-contaminant experiments. The chosen 
1,4-dioxane concentration is higher than found at many contaminated sites, though not 
uncommon.1,4-7,52 Also, when used as solvent stabilizer, 1,4-dioxane concentrations are typically 
lower than those of co-occurring chlorinated solvents. However, at many sites, 1,4-dioxane and 
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chlorinated solvents were released independently.52 We chose these rather high concentrations to 
demonstrate the effectiveness of our process over a large range of concentrations, so that at an 
advanced stage of treatment the removal performance could still be evaluated for waters with low 
1,4-dioxane and chlorinated solvent concentrations. Prior to adding the contaminants, the solution 
was purged with nitrogen gas for several hours to lower the dissolved oxygen (DO) concentration 
to below 2 mg/L. The carboys were then connected to a 20-L Tedlar® bag filled with nitrogen gas 
to maintain constant headspace pressure with decreasing water levels. 

Table 1: Composition of stock A and trace element solutions. 

Stock A 
5.0 g/L Fe-Na EDTA 
2.0 g/L NaMoO4∙2H2O 

Trace 
Elements 
Stock 

0.5 g/L FeSO4∙7H2O 
0.4 g/L ZnSO4∙7H2O 
0.02 g/L MnSO4∙H2O 
0.015 g/L H3BO3 
0.01 g/L NiCl2∙6H2O 
0.25 g/L EDTA 
0.05 g/L CoCl2∙6H2O 
0.005 g/L CuCl2∙2H2O 

 

All experiments were run at 43 cm/d seepage velocity simulating groundwater flow conditions, 
and ambient temperature in the dark. To eliminate physical losses of 1,4-dioxane and 1,1-DCE in 
the experiments, the power supply was turned on after influent and effluent concentrations were 
equal (eliminating sorption/volatilization effects and serving as abiotic no-voltage control). 
Performance data were collected after the system had reached steady-state effluent 1,4-dioxane 
concentrations. 

An activated C18 solid-phase extraction (SPE) cartridge (Maxi Clean 500 mg) was used to collect 
volatile organics, and 1 mL of HPLC-grade toluene was used to extract the volatiles for gas 
chromatography analysis. C18 cartridges were preconditioned by eluting with 5 mL of toluene, 
followed by 5 mL of air, and let dry overnight. 

A minimum of three complete sampling rounds were performed. 1,4-Dioxane, 1,1-DCE, and DBPs 
were measured throughout the column. Oxidation-reduction potential (ORP), pH and dissolved 
oxygen (DO) were measured throughout the column using an OAKLON PC450, pH strips 
(PANPEHA), and DO meter (Hach HQ 40d) and probe (Hach LOD101), respectively. 
Measurements of pH were taken in triplicate, while DO and ORP measurements were only 
performed on the last sample under steady-state conditions before ending the experiment due to 
larger sample volume requirements. Aqueous samples were filtered using 0.2-µm nylon syringe 
filters (VWR International) and extracted into dichloromethane for analysis of 1,4-dioxane, 1,1-
DCE, and organic DBPs. Voltage and current were measured daily using a Fluke digital multimeter 
(Global Test Supply, USA). At the end of each experiment, solid and liquid samples were taken 
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and sent overnight on dry ice to the University of California, Los Angeles (UCLA) for nucleic 
acids extraction, quantitative polymerase chain reaction (qPCR) analysis, and toxicity tests. 

To assess the energy requirements of (bio)electrochemical treatment, the electric energy per order 
of magnitude of 1,4-dioxane removed (EEO) was calculated:32 
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         (2) 

where P is power (kW), t is treatment time (h), V is the water volume (m3), and C0 and Ct are initial 
and final 1,4-dioxane concentrations, respectively. The anode surface area per order of 1,4-dioxane 
removed (ASAO) was determined based on Pica et al. (2019):53 
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where A is anode area (m2). 

3.2.5 Chemical analyses 

An Agilent 6890N gas chromatograph (GC) coupled with Agilent 5973N mass spectrometer (MS) 
was used to measure 1,4-dioxane and CVOCs. For 1,4-dioxane, injections of 1 µL were made 
using a 4:1 split flow ratio and an inlet temperature of 250°C. The column was Restek Rxi-624Sil 
MS mid-polarity (30 m * 0.25 mm ID * 1.4 µm df). The Helium carrier gas was set to constant 
flow at 2.0 mL/min. The initial oven temperature was set at 40 °C for 2 min, then ramped at 8 
°C/min to 100 °C, followed by an additional ramp of 40 °C to 160 °C and held for 1 min. Isotopic 
dilution calibration was used to quantify 1,4 dioxane in all experiments, using 1,4 dioxane-d8 as 
the internal standard to correct for any losses during sample preparation and/or instrument 
response. The MS was programmed to scan for m/z 58 and 88 (1,4-dioxane) as well as m/z of 64 
and 96 (deuterated 1,4-dioxane) at 6 to 8 min after injection. Further details on analytical methods 
can be found in ref. 31. The limit of detection (LOD) for 1,4-dioxane was 3 μg/L. 

For chlorinated methane and ethenes, the initial oven temperature was set at 40 °C for 2 min, then 
ramped at 8 °C/min to 100 °C, followed by an additional ramp of 40 °C to 160 °C and held for 1 
min. The MS was programmed to scan for m/z 50 and 52 (chloromethane) in segment 1, and 62 
and 64 (vinyl chloride) in segment 2 from 1.0 to 3.0 min after injection. Segment 3 was set to scan 
for m/z 61 and 96 (1,1-DCE). In segment 4, m/z of 49 and 84 were scanned to analyze for 
dichloromethane (DCM). m/z of 83 and 85 were scanned for chloroform in segment 5, and segment 
6 was set to scan for m/z of 117 and 119 (carbon tetrachloride, CT). Each ion was assigned a dwell 
time of 100 µs. Quantification with GC/MS(SIM) for all chlorinated compounds was performed 
using external calibration standards. The LODs for chloromethane, vinyl chloride, 1,1-DCE, 
DCM, chloroform, and CT were 92, 72, 209, 76, 328, and 13 µg/L, respectively. 

Ion chromatography on a Dionex DX-1500 was used to quantify chloride, chlorate and perchlorate. 
The columns were a Dionex™ IonPac™ AS16 (250 m x 4.0 mm ID) with an IonPac™ AG16 
Guard Column (4 x 50 mm).  
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3.2.6 Bacterial strain and culture conditions 

Pseudonocardia dioxanivorans strain CB1190 was cultured by a 10% (v/v) dilution from an 
actively grown pure culture. CB1190 was grown aerobically in AMS media and sequentially 
cultured by 10% (v/v) dilution into larger volumes so that ultimately 6 L of pure culture stock was 
prepared for sand inoculation. 1,4-dioxane served as the sole carbon source during the culturing 
process at concentrations between 100 and 500 mg/L. The culture was incubated at 30 °C with 
constant agitation at 150 rpm. To assess CB1190 growth, ATP and 1,4-dioxane concentration were 
monitored daily. To track ATP, luminescence analysis (BioTekSynergy HT) was completed within 
2 h of sampling using Promega BacTiter-Glo Microbial Cell Viability Assay following Promega 
Technical Bulletin #TB337 and Protocol for Measuring ATP from Bacteria Bulletin.  

3.2.7 Total nucleic acids extraction and quantitative polymerase chain reaction (qPCR) 

qPCR was used to quantify both total bacterial 16S rRNA gene and a 1,4-dioxane biodegradation 
biomarker, dioxane monooxygenase (DXMO) gene (dxmB). Total nucleic acids were extracted 
using a modified phenol/chloroform/isoamyl alcohol method as described in ref. 37. Universal 16S 
rRNA gene was amplified to quantify total biomass, and the CB1190-like 16S rRNA gene was 
used to quantify the abundance of the 1,4-dioxane metabolizer Pseudonocardia dioxanivorans 
CB1190 or closely related bacteria. All reactions were run on a StepOnePlus thermocycler (Life 
Technologies, Carlsbad, CA) using a total volume of 20 µL containing 10 µL 2 × Luminaris Color 
HiGreen-HiROX qPCR Master Mix (Thermo Scientific, Waltham, MA), 0.3 mM primers (Table 
S2), and 2 µL of DNA (1-10 ng/µL) template. The cycling parameters to amplify the gene fragment 
started with holding at 50 °C for 2 min and 95 °C for 10 min, followed by 40 cycles of 95 °C for 
15 s and annealing at respective temperatures for 45 s. All reactions were accompanied by a melt-
curve analysis to confirm the specificity of quantitative polymerase chain reaction products. Melt-
curve analyses 81.5-83.6 °C were considered specific to target genes. Details of the method can 
be found in Table 2 and in ref. 31. 

3.2.8 Cytotoxicity assay 

Cytotoxicity of the experimental column effluent was determined by conducting an adenosine 
triphosphate (ATP) assay using BacTiter-Glo Microbial Cell Viability Assay kit (Promega). The 
assays work on the basis of enzymatic reactions emitting luminescence when the assay reagent is 
reacted with ATP molecules, which are directly proportional to the amount of ATP present in the 
cell sample used, and can provide insight into the toxic effect of the effluent samples in question.46 
Column effluent sample toxicity was assessed by combining 1-part CB1190 culture suspension to 
9-parts column effluent in snap cap tubes for a total volume of 1 mL and left to incubate for 4 

hours. Each column effluent sample was tested in duplicate. Following incubation, 50 L of 

sample were mixed with 50 L of BacTiter-Glo Reagent in white flat-bottom 96-well plates and 
incubated for 5 min in the dark at ambient temperature. These samples were then measured in a 
spectrophotometer using a 600 nm to measure luminescence specifically. 
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Table 2: Primer sequences and annealing temperatures. 

Gene  For-Primer (5’ 3’) Rev-Primer (5’ 3’) Annealing 

temperature (°C) 

Universal 16S rRNA ATGGCTGTCGTCA

GCT  

ACGGGCGGTGTGT

AC  

45 

CB1190-like 16S rRNA ACGGTCTCGCAGC

CCTCTGT  

AGCGGGTTATGCC

GGGGACT  

60 

dxmB/dioxane 

monooxygenase 

(DXMO)  

CCAAACGGGCGTC

AGTCAT 

 

AGAACGTGCGCTC

CCAAAG 

 

60 

aldH/aldehyde 

dehydrogenase 

(ALDH)  

ACCAAGGACCTCA

CCTCGTA 

AACGGATGCGCGT

TGTTC 

60 

 

3.2.9 Statistical analysis 

Principal component analysis (PCA) was computed with “vegan” packages in RStudio to further 
explore the multivariate variation among reactors in terms of effluent variables. 

3.3 Results and Discussion 

3.3.1 Operational parameters 

DO, ORP, and pH were measured to understand the impacts of electrolysis on water quality and 
bacterial growth. After N2-purging, DO concentrations in the influent tank were generally <2.0 
mg/L. As a result of anodic water oxidation, DO levels increased within the reactive area of the 
reactors (i.e., inter-electrode space between the 1st and 3rd pair of electrodes) in all electrochemical 
experiments (Figure 6). As expected, the increases in DO were more pronounced at the higher 
anode potential, with the highest concentration recorded at 18 mg/L in the non-augmented reactor 
at 5.0 V in the absence of co-contaminant. A similar trend was observed for ORP (Figure 7), where 
elevated potentials close to the electrodes indicated a reactive zone favorable for 1,4-dioxane 
oxidation. Bulk pH (Figure 8) remained circumneutral within the optimum growth range of 5.0 < 
pH < 8.5 for CB119046,54 under all experimental conditions. 
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Figure 6: Profiles of dissolved oxygen (DO) throughout the reactors under abiotic (top) and 
bioaugmented conditions (bottom). The vertical dashed lines indicate the location of the 
electrodes. Pink markers represent 2.2 V, blue represent 5.0 V, and green markers show the 
biological control experiment at 0 V anode potential. Open markers represent the absence 
of 1,1-DCE while solid markers represent the presence of 1,1-DCE. 
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Figure 7: Profiles of bulk ORP throughout the reactors under abiotic (top) and 
bioaugmented conditions (bottom). The vertical dashed lines indicate the location of 
electrodes. Pink markers represent 2.2 V, blue represent 5.0 V, and green markers show the 
biological control experiment at 0 V. Open markers represent the absence of 1,1-DCE while 
solid markers represent the presence of 1,1-DCE. 
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Figure 8: Profiles of pH throughout the reactors under abiotic (top) and bioaugmented 
conditions (bottom). The vertical dashed lines indicate the location of electrodes. Pink 
markers represent 2.2 V, blue represent 5.0 V, and green markers show the biological control 
experiment at 0 V. Open markers represent the absence of 1,1-DCE while solid markers 
represent the presence of 1,1-DCE. 

3.3.2 1,4-Dioxane removal 

The removal of 1,4-dioxane during electrochemical and bioelectrochemical treatment throughout 
the column reactors is shown in Figure 9. During the non-augmented run at 2.2 V anode potential, 
only 4% of 1,4-dioxane removal was observed, similar to the low removal reported at the same 
cell potential for Ti/IrO2-Ta2O5 anodes.31 At 3 V applied cell potential, the measured anode 
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potential of 2.2 V was only slightly above the oxygen evolution potential for doped tin oxide 
electrodes of ~1.9 V.55-56  

 

Figure 9: 1,4-Dioxane removal for electrochemical (a) and bioelectrochemical (b) treatment 
in the presence and absence of 1,1-DCE. The dashed lines represent abiotic conditions, 
whereas the solid lines illustrate the presence of CB1190. Open markers represent absence, 
solid markers show the presence of the co-contaminant 1,1-DCE in the feed water. The 
vertical dashed lines indicate the location of (leading) anode and (trailing) cathode pairs. 
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At the higher anode potential of 5.0 V, 1,4-dioxane concentrations decreased more rapidly. At the 
end of the electrochemically reactive zone (i.e., past the third electrode pair at 55 cm), 66% of 1,4-
dioxane had been removed, reducing the 1,4-dioxane concentration from 98.1 mg/L to 32.9 mg/L. 
At the end of the column (89 cm), total 1,4-dioxane removal reached 68%, negligibly greater than 
right past the third electrode pair, indicating that electrochemical oxidation was only operative in 
the direct vicinity of the electrodes. The increase in 1,4-dioxane removal rate with increasing anode 
potential and current under the same flow (i.e., mass transfer) regime indicates current-limited 
conditions.55 Since 1,4-dioxane is readily oxidized by hydroxyl radicals,30 whose generation 
increases with increasing current,57 the low removal rates can be attributed to low generation of 
ROS at the lower anode potential.4 

No detection of 1,4-dioxane in the gas-phase samples and minor 1,4-dioxane removal in the 2.2 V 
experiments support the conclusion that 1,4-dioxane was oxidized and transformed by ROS, and 
that other removal mechanisms such as sorption, photolysis and volatilization did not contribute 
to the overall removal, in agreement with a low reported sorption affinity and Henry constant.46 

To assess and harness the synergy between biological and electrochemical oxidation, the column 
reactors were inoculated with CB1190. In the biological control experiment at 0 V applied, no 
removal of 1,4-dioxane was observed, again ruling out sorption, photolysis and volatilization as 
loss mechanisms, as well as anaerobic degradation. The DO concentration below 2 mg/L proved 
insufficient for the microaerophilic CB1190 to biodegrade 1,4-dioxane during the 2-day residence 
time in the reactors. At 2.2 V, 45% of 1,4-dioxane was removed within the electrochemically active 
zone, concurrent with the observed increases in DO and ORP. Removal increased to 57% by the 
end of column (89 cm). This removal beyond the electrochemically active area of the column 
indicated continuing 1,4-dioxane biodegradation by CB1190, inferring the effectiveness of a 
polishing zone in the reactor design. The anode surface area-normalized 1,4-dioxane degradation 
rate rASA (103 mg∙h-1∙m-2) was 12 times higher during bioelectrochemical treatment at 2.2 V 
compared to electrochemical treatment only (9 mg∙h-1∙m-2), illustrating the synergistic effects of 
this technology. 

At 5.0 V, the bioelectrochemical 1,4-dioxane degradation rate rASA further increased to 774 mg∙h-

1∙m-2, five times higher than during electrochemical treatment at 5.0 V (168 mg∙h-1∙m-2), and 
equally five times higher than the highest bioelectrochemical rate achieved in our 1st generation 
reactor.31 Furthermore, the bioelectrochemical degradation rate was eight times higher at 5.0 V 
compared to 2.2 V applied. The highly variable DO concentrations in the (abiotic) electrochemical 
experiments at 2.2 V and 5.0 V (Figure 6) do not clearly support higher DO availability as the 
cause of this observation. It is also possible that the increased electrochemical transformation of 
1,4-dioxane at 5.0 V led to the generation of more readily biodegradable oxidation intermediates 
that provided higher energy yields for the bacteria, especially at low 1,4-dioxane concentrations. 
Electrochemical oxidation of 1,4-dioxane generates intermediate ring opening products such as 
diethylene glycol, ethylene glycol diformate, and various organic acids including glycolate before 
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being fully mineralized.4,30 Glycolate is a central intermediate of 1,4-dioxane degradation by 
CB1190 and readily supports its growth.38,54 

Overall, bioelectrochemical oxidation at 5.0 V applied achieved a reduction in 1,4-dioxane 
concentration from 100,000 μg/L in the influent to an average effluent concentration of 53 μg/L. 
We emphasize that two of the three effluent replicate 1,4-dioxane measurements were below our 
method detection limit of 3 µg/L. Small variations in effluent concentrations may arise from 
temporary preferential flow paths in the porous media, for instance generated by evolving gas 
bubbles. 

3.3.3 1,1-DCE inhibition and removal 

As CVOCs often co-occur with 1,4-dioxane and inhibit its degradation,4,31,46,49 it was critical to 
assess the fate and impact of 1,1-DCE in the column experiments. Figure 10 depicts 1,1-DCE 
normalized concentrations throughout the column reactors under the five experimental conditions 
tested. In the biological control column at 0 V applied, 1,1-DCE concentrations decreased slightly 
by 20%, which can be attributed to sorption or volatilization losses, although no 1,1-DCE was 
detected on the SPE cartridges connected to the gas vents. At 2.2 V, 80% of 1,1-DCE was removed 
after the first electrode pair, and 97% after all three electrode pairs (55 cm) under both non-
augmented and CB1190-augmented conditions, indicating that 1,1-DCE removal was due to 
electrochemical removal. Since the presence of 5 mg/L 1,1-DCE did not affect the electrochemical 
oxidation of 1,4-dioxane under current-limiting conditions in a meaningful way (Figure 9), non-
competing mechanisms such as volatilization by electrolytically generated gasses and/or cathodic 
reductive dechlorination likely contributed to 1,1-DCE removal from the aqueous phase. However, 
no potential 1,1-DCE reduction product was detected in any of the samples. At 5.0 V during both 
electrochemical and bioelectrochemical treatment, more than 98% 1,1-DCE was removed after the 
first electrode, and >99% throughout the entire reactor passage. This increase was likely driven by 
higher gas generation at the anode. 

Despite the high electrochemical removal of 1,1-DCE, inhibitory effects of this co-contaminant 
were still apparent (Figure 9). At 2.2 V, the bioelectrochemical 1,4-dioxane degradation rate rASA 
dropped from 103 mg∙h-1∙m-2 to 48 mg∙h-1∙m-2. At 5.0 V, rASA dropped from 774 mg∙h-1∙m-2 to 201 
mg∙h-1∙m-2. While inhibitory effects by other commonly co-occurring CVOCs are expected to be 
less pronounced,46 these observations highlight the need for (near-)complete removal of 1,1-DCE 
for biodegradation-based water treatment approaches. 
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Figure 10: 1,1-DCE removal for electrochemical (abiotic) and bioelectrochemical treatment 
(biotic) at anode potentials of 2.2 V (magenta) and 5.0 V (blue). Green markers show the 
biological control (0V) experiment. Dashed lines represent abiotic electrochemical oxidation 
and solid lines represent bioelectrochemical oxidation. The vertical dashed lines indicate the 
location of (leading) anode and (trailing) cathode pairs. 

3.3.4 Bacterial abundance 

To locate and quantify bacterial distribution throughout the bioelectrochemical column reactors, 
qPCR analyses were performed on both aqueous and solid samples. Previous research had 
suggested that bacterial abundance and activity may become adversely impacted if anode 
potentials reach a range in which electrochemical processes cause cellular disruption associated 
with the production of ROS.31,58 Complete profiles for the six bioaugmented experiments can be 
found in Figure 11. As 1,4-dioxane had been almost completely removed after the first electrode 
pair in the 5.0 V experiment without 1,1-DCE present (Figure 9), we focus our discussion on the 
bacterial abundance in the interelectrode space between the first two electrode pairs (15-30 cm), 
where the electron donor conditions were most comparable (Figure 12). 
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Figure 11: Planktonic (top) and sessile (bottom) qPCR results throughout the six 
bioaugmented reactors at 2.2 V (pink), 5.0 V (blue), and in the biological control (green). The 
vertical dashed lines indicate the location of anodes electrodes. 
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The bacterial abundance (quantified based on CB-1190-like 16S rRNA as proxy) in both 
suspended and solid states and in the absence of co-contaminant was highest at 5.0 V, supporting 
the higher 1,4-dioxane degradation kinetics observed at this potential. At 2.2 V, the abundance of 
biofilm cells was higher than in the biological control at 0 V as expected based on a higher 1,4-
dioxane degradation rate; however, the aqueous abundance was higher at 0 V than at 2.2 V. The 
latter observation may be due to the fact that the remaining DO in the degassed influent (<2.0 
mg/L) was not low enough and/or the multi-week experimental runs were still not long enough to 
reflect long-term effects caused by a lack of electron acceptor. 

 

Figure 12: Planktonic (blue) and sessile (brown) qPCR results between the first and second 
electrode pairs (15-30 cm) at 5.0 V, 2.2 V, and in the biological control (0 V). 

With one exception (planktonic count at 0 V), CB1190 abundances generally increased in the 
presence of 1,1-DCE, which may be due to increased biofilm formation as a stress response by 
CB1190 and subsequent cell release into the aqueous phase,31,59 or the electrochemically degraded 
1,1-DCE provided more bioavailable intermediates for CB1190. Under these conditions, the trends 
in bacterial abundance in both planktonic and sessile states of 5.0 V > 2.2 V > 0 V was aligned 
with the observed 1,4-dioxane degradation rates, suggesting higher biological activity as one of 
the causes for increasing bioelectrochemical treatment performance. 

3.3.5 Fate of chlorine 

Untargeted oxidation of naturally occurring reduced water solutes such as chlorine may lead to 
DBP generation, a general concern associated with all advanced oxidation processes.60-62 No 
organic DBPs were detected under any of the experimental conditions (Figure 13 through Figure 
15). At 2.2 V, no perchlorate was detected but effluent chlorate concentrations of 71 µmol/L and 
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5.0 µmol/L were observed in abiotic and biotic electrochemical oxidation systems, respectively. 
At the higher anode potential of 5.0 V, chlorate concentrations of 252 µmol/L and 112 µmol/L 
were observed in the effluent of the non-augmented and bioaugmented column reactors, 
respectively. In contrast to the lower potential of 2.2 V, some chlorate was further oxidized to 
perchlorate, reaching effluent concentrations of 0.27 µmol/L (abiotic) and 0.60 µmol/L (biotic). 

 

Figure 13: Chlorine mass balance (solid line) and speciation throughout the reactors during 
a) 2.2 V electrochemical treatment, b) 5.0 V electrochemical treatment, c) 2.2 V 
bioelectrochemical treatment, and d) 5.0 V bioelectrochemical treatment in the absence of 
1,1-DCE. The vertical dashed lines indicate the location of (leading) anode and (trailing) 
cathode pairs. 

As the total chlorine mass balances were approximately complete for all 10 experimental 
conditions, it can be concluded that no other major chlorine species had been overlooked. In 
conclusion, more rapid (bio)electrochemical oxidation comes at the cost of increasing DBP 
generation, either through higher applied potentials or more reactive anode materials.28 However, 
DBP formation can be minimized through the use of bioelectrochemical processes based on lower 
applied voltage requirements to achieve the same 1,4-dioxane removal efficiency. Nevertheless, 
post-treatment strategies for chlorate and perchlorate need to be considered, for instance through 
biological treatment.63 
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Figure 14: Chlorine speciation and mass balance throughout the reactors at 2.2 V 
electrochemical treatment (a), 5.0 V electrochemical treatment (b), 2.2 V bioelectrochemical 
treatment (c), and 5.0 V bioelectrochemical treatment (d) in the presence of 1,1-DCE. The 
vertical dashed lines indicate the location of anodes and cathodes. 

 

Figure 15: Chlorine speciation and mass balance throughout the biological control 
experiment (0 V) when no co-contaminant was present (a) and when the co-contaminant 1,1-
DCE was present (b). The vertical dashed lines indicate the location of anodes and cathodes. 
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3.3.6 Cytotoxicity and effluent evaluation 

Cytotoxicity of the column effluent samples (Figure 16) was determined via luminescence in 
relative light units (RLU) from enzymatic reactions with ATP. Luminescence displays a negative 
correlation with cytotoxicity. When comparing the columns with the same treatment strategy (e.g., 
electrochemical or bioelectrochemical), the addition of 1,1-DCE clearly increased the toxic effects. 
A larger difference in toxicity was seen between columns that include electrochemical treatment 
with or without bioaugmentation, which could be attributed to the strong and non-selective effects 
of voltage and the generation of DBPs. In the columns that were operated at the same anode 
potential (2.2 V or 5.0 V) with 1,1-DCE, the sample from the electrochemical only treatment was 
affected to a greater extent than that from the bioelectrochemical treatment. The opposite trend 
was observed in the absence of 1,1-DCE, where the samples from bioelectrochemical treatment 
had lower luminescence than those discharged from the electrochemical only treatment. Lastly, 
the highest anode potential (5.0 V) generated the highest cytotoxicity when comparing columns 
with the same treatment approach and contaminant mixtures. 

To unravel the relationships among effluent factors in this study, including 1,4-dioxane, 1,1-DCE, 
ATP, DBPs and applied potential, we applied multivariate principal component analysis (PCA). 
Applied potential as the only operational factor on the PCA biplot mainly contributed to the first 
dimension, which accounted for most of the variability (56.6%) and grouped samples in terms of 
voltages (Figure 16). The applied potentials showed negative correlations with ATP as well as 
with 1,4-dioxane and 1,1-DCE concentrations in the effluent, indicating that the higher voltages 
may not only reduce the contaminant concentrations, but also increase the cytotoxicity. However, 
the separation of the vectors indicated that 1,1-DCE also generated inhibitory impacts on ATP 
production, and to a larger extent than 1,4-dioxane. Consequently, optimizing applied potentials 
to balance electrochemical oxidation efficiency and toxicity needs to be carefully considered 
during the remediation planning stage. 
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Figure 16: ATP production in CB1190 after incubating with column reactor effluents from 
different treatment conditions (a). Principal component analysis showing the relationship 
between treatment conditions and ATP production (b). 



35 
 

3.3.7 Sustainability considerations 

Figure 17 compares the anode surface area per order of 1,4-dioxane removed (ASAO, major capital 
cost driver) for electrochemical and bioelectrochemical oxidation. The higher removal kinetics at 
5.0 V compared to 2.2 V led to a significant reduction in the required electrode area of 93% for 
electrochemical oxidation and 94% for bioelectrochemical oxidation. Material usage and cost 
savings associated with the electrodes further decreased when biological and electrochemical 
oxidation were combined. Compared to the abiotic electrochemical process, bioelectrochemical 
treatment led to decreases in ASAO of 87% at 2.2 V and 90% at 5.0 V applied, achieving 87 
m2ꞏhꞏm-3 in the latter case. 

 

Figure 17: a) Required anode surface area and b) electric energy per order of magnitude of 
1,4-dioxane removed for electrochemical versus bioelectrochemical treatment of 1,4-dioxane 
at anode potentials of 2.2 V and 5.0 V. 
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Figure 17 also illustrates the electric energy per order of magnitude of 1,4-dioxane removed (EEO, 
major operational cost driver). During electrochemical oxidation, the energy consumption was 
higher at 2.2 V (1060 kWhꞏm-3) than at 5.0 V (737 kWhꞏm-3) due to the poor overall 1,4-dioxane 
removal at the lower applied potential. The coupling of biological with electrochemical oxidation 
achieved significant reductions in EEO by 94% at 2.2 V and 89% at 5.0 V, substantially lowering 
the technology’s carbon footprint. Energy efficiency per unit of contaminant removed was only 
slightly higher at the lower applied potential of 2.2 V (59 kWhꞏm-3) than at 5.0 V (80 kWhꞏm-3). 
These EEO values are higher than those previously reported for UV-based technologies, which can 
achieve 1,4-dioxane treatment at single digit kWhꞏm-3 or in the case of vacuum ultraviolet (VUV) 
treatment even below.23,25-27 However, commonly occurring inorganic ions23 and organic co-
contaminants26 may increase power consumption, and the addition of oxidants during ozone- or 
H2O2-based UV treatment needs to be considered.25,64 The comparatively higher energy 
consumption for (bio)electrochemical 1,4-dioxane oxidation in our experiments is at least partly 
due to the fact that this parameter was not determined in a reactor optimized for mass transfer, but 
at seepage velocities representative of groundwater, where mass transfer solely relied on slow 
diffusion processes. High-flow pumping in ex situ reactors is expected to increase mass transfer 
and consequently to decrease energy consumption.65 

The optimized process design in combination with the more reactive Ti/SnO2-X anodes achieved 
a 70% lower energy consumption and 96% reduction in required electrode material compared to 
our initial proof-of-concept study.31 Overall, our techno-economic assessment suggests lower 
bioelectrochemical costs at the higher applied potential, though at the expense of higher DBP 
formation. Consequently, site-specific scale-up efforts should include the determination of an ideal 
energy-optimized current density at which the applied current density is equal to the limiting 
current density.55 

3.3.8 Long-term stability of the anode 

A service life test based on ref. 67 was carried out in a batch electrochemical reactor under 
potentiostatic conditions at 4.0 V applied to test the longevity of the doped tin oxide anode. The 
current relative to an Ag/AgCl reference electrode was monitored and logged during the service 
life test (Figure 18). Throughout the entire 14-day experiment, the current density did not 
substantially decrease and, at an average of 67.6 mA/cm2, remained well above that of the pure Ti 
substrate (0.052 mA/cm2 on average, data not shown). Considering the current densities during the 
(bio)electrochemical experiments (1.95 mA/cm2 at 2.2 V; 15.4 mA/cm2 at 5.0 V), these data 
suggest an anode service life of at least > one year for the lower potential and at least several 
months for the higher potential. 
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Figure 18: Accelerated service life test for the doped tin oxide anode material under 
potentiostatic conditions (4.0 V applied). 1 M H2SO4 was used as electrolyte at ambient 
temperature. 

Furthermore, the electrodes were recovered from the reactors at the end of the bioelectrochemical 
experiments, rinsed with tap water, air-dried, and visually inspected (Figure 19). The circular mesh 
anode looked practically unchanged in comparison to the original doped tin oxide anode material, 
showing no signs of coating loss compared to the underlying pure Ti mesh substrate. 
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Figure 19: The circular mesh anode (right, 10 cm diameter) at the end of the 
(bio)electrochemical oxidation experiments looks practically unchanged in comparison to 
the original doped tin oxide anode material (bottom left, 10 x 15 cm), showing no signs of 
coating loss compared to the underlying pure Ti mesh substrate (top left, 10 x 15 cm). 

3.4 Conclusions 

Electrochemical oxidation is a capable water treatment technology that can mineralize even the 
most refractory organic pollutants. However, high capital costs driven by the electrode material 
have delayed scale-up for field applications. Furthermore, electric energy consumption can be 
significant and is largely wasted in untargeted side reactions such as water electrolysis into O2 and 
H2.31,66 Our findings demonstrate that the synergistic effects from chemical and biological 
oxidation may lower both material usage and energy consumption by more than one order of 
magnitude. Consequently, bioelectrochemical treatment of refractory organic water contaminants 
is substantially more cost-effective and sustainable than electrochemical water treatment alone. 
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We note that at the end of the multi-month experiments neither a visual deterioration of the 
electrodes nor a decline in 1,4-dioxane removal were observed. In addition, the results of 
accelerated service life testing67 supported the viability of the dimensionally stable electrodes for 
longer-term field applications. 

Furthermore, we showed that bioelectrochemical treatment with P. dioxanivorans CB 1190 can 
reduce 1,4-dioxane concentrations by several orders of magnitude from more than 100 mg/L to 
less than our detection limit of 3 µg/L. Once implemented in the field and run over longer treatment 
periods, it appears possible that other native microorganisms may eventually co-exist with and/or 
even outperform CB1190 depending on water quality and treatment conditions. As both metabolic 
and co-metabolic bioremediation approaches are challenged at low- or sub-ppb 1,4-dioxane 
concentrations, our findings highlight the potential capability of this technology to achieve effluent 
concentrations below the strict regulatory limits in the U.S. It appears likely that 
bioelectrochemical oxidation can be applied with other types of bacteria including co-metabolic 
strains and mixed cultures,68 highlighting the potential for further improvement in treatment 
efficiency. 

Our current research is focusing on scaling up bioelectrochemical treatment of 1,4-dioxane in the 
presence of CVOCs to the pilot scale at a contaminated field site. Pilot-scale performance testing 
prior to full-scale implementation is critical in that site-specific parameters such as water quality, 
contaminant concentrations, flow rate and potential infrastructural limitations can inform final 
reactor design and operational parameters such as optimal voltage, number of electrode pairs, 
reactor geometry, and frequency of polarity reversals to minimize cathodic scale formation. Within 
this upcoming demonstration, we are also determined to address the remaining challenge of DBP 
formation through harnessing reductive microbial processes that can take advantage of thus far 
unutilized cathodic processes. 
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4   FLOW-THROUGH ELECTROCHEMICAL TREATMENT OF PFASs 
UNDER SIMULATED IN SITU CONDITIONS 

4.1 Introduction 

Per- and polyfluoroalkyl substances (PFASs) are a family of emerging contaminants that have 
been synthesized for use in various applications and products since the mid-20th century [1,2]. 
Their widespread use has inadvertently led to global contamination of groundwater, surface water, 
and drinking water [3–7], raising concerns about adverse health effects [8]. Two of the most 
produced and studied compounds are perfluorooctane sulfonate (PFOS), a perfluoroalkane 
sulfonic acid (PFSA), and perfluorooctanoate (PFOA), a perfluoroalkyl carboxylic acid (PFCA) 
[9]. The United States Environmental Protection Agency (U.S. EPA) recently determined health 
advisory levels (HALs) for PFOS and PFOA in drinking water at 0.07 μg/L, both separately and 
combined [10]. In addition, many states and countries have developed their own water guideline 
levels. 

Treatment technologies such as adsorption to activated carbon, ion exchange, and membrane 
filtration have been successfully used to remove PFASs from impacted water [11–13]. However, 
these removal processes generate concentrated PFAS waste streams that are often disposed of in 
landfills, simply transferring these persistent organic pollutants to a different environmental 
compartment [14]. Clearly, destructive treatment of PFAS-impacted media is desirable. However, 
Fenton-based advanced oxidation processes (AOPs) are ineffective for the degradation of 
perfluoroalkyl acids (PFAAs) such as PFSAs and PFCAs  [15]. Technologies that have been shown 
to mineralize PFAAs include incineration [16], sonolysis [17], plasma treatment [18], reductive 
defluorination with hydrated electrons [19], and hydrothermal alkaline treatment [20]. 
Unfortunately, these technologies are difficult to impossible to install in situ for groundwater 
remediation. Yet, in situ treatment is often desirable for several potential reasons, such as lower 
costs, less surface infrastructure disruption, lower environmental footprint compared to ex situ 
approaches, and partial treatment of groundwater contaminants without the need to meet regulatory 
(discharge) limits. 

In recent years, the interest in electrochemical oxidation (EO) has been growing due to its energy 
efficiency, operational simplicity, adaptability, and its capability in mineralizing the most 
recalcitrant organic pollutants including PFASs [21–25]. Using mesh electrodes, electrochemical 
water treatment can be implemented in situ, for instance as a permeable reactive barrier (PRB) 
without active pumping, using the natural hydraulic gradient of the groundwater [26–28]. 
However, several knowledge gaps exist that must be addressed before considering the in situ 
electrochemical oxidation of PFASs. First, previous studies on passive-flow EO systems have only 
investigated environmental contaminants that are susceptible to indirect electrochemical oxidation 
processes involving reactive oxygen species (ROS). In contrast, PFAA mineralization requires 
direct electron transfer (DET) at the very surface of the anode. DET is considered the rate-limiting 
step for electrochemical PFAS oxidation, and its notorious mass transfer limitations are typically 
overcome by pumping at high flow rates [23]. Second, no information is available about the 
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performance of different mesh anode materials and the impacts of process parameters regarding 
the electrochemical oxidation of PFAAs in slow passive-flow systems. Efficient DET processes 
require anode materials with a high oxidation evolution potential and stability. Three common 
anode materials that have been shown to effectively mineralize PFAAs, listed in the order of 
decreasing cost [27,29], are boron-doped diamond (BDD) [30,31], Magnéli-phase titanium 
suboxides TinO2n-1 [22,32], and metal oxides such as RuO2 [33]. Third, critical questions remain 
as to the fate of PFAA breakdown products in electrochemical systems, especially related to the 
generation of volatile species and shorter-chain PFAA intermediates [2,23,30,34,35]. This is a 
particularly critical knowledge gap to address for in situ remediation, where the treated water is 
not discharged to a treatment plant but remains in the aquifer. 

Consequently, to explore the potential of EO for the in situ treatment of PFAS-impacted 
groundwater, we compared the performance of Magnéli-phase TinO2n-1, Ti/IrO2-Ta2O5, and boron-
doped ultrananocrystalline diamond (UNCD) mesh anodes in a bench-scale flow-through reactor 
and evaluated the potential for oxidation by-product formation as well as the sustainability 
parameters energy consumption and material usage [28]. The effects of key parameters such as 
current density, seepage velocity, and both electrolyte and PFAS concentrations on the PFAS 
degradation rates were investigated. Furthermore, we tracked the fate of fluorine in the various 
phases under slow flow conditions representative of groundwater. Finally, we assessed the 
electrochemical oxidation rates of several PFSAs and PFCAs as a function of chain length and 
branching. 

4.2 Materials and Methods 

4.2.1 Chemicals 

PFOS was supplied from Sigma-Aldrich (>98% purity, mixture of branched and linear isomers, 
St. Louis, MO, USA). All other native PFAAs and corresponding heavy isotope-labeled species to 
be used as internal standards were purchased from Wellington Laboratories Inc. (Guelph, ON, 
Canada) with a purity of >99%. Na2SO4, NaCl, HCl, and NaOH (>99% purity) were used as 
received from various chemical suppliers. All solutions were prepared with Milli-Q water (18.2 
MΩ cm−1 resistivity, 25 °C) from a Nanopure Barnstead DiamondTM purification system (Thermo 
Scientific, Waltham, MA, USA). 

4.2.2 Flow-through electrochemical reactor 

EO experiments were carried out in a flow-through reactor (poly (methyl methacrylate)) with a 
volume of 100 mL (Figure 20). This electrochemical cell held two mesh electrodes (1.0 mm thick 
with 11 cm in height and length, and approximately 1 x 3 mm diamond-shaped openings) separated 
at 4 mm by a rubber gasket. Ti/IrO2-Ta2O5 mesh electrodes (Corrpro Companies Inc., Medina, 
OH, USA) served as cathode [36]. Three materials were tested as mesh anodes: (1) BDD-type 
UNCD on a niobium substrate (Advanced Diamond Technologies Inc., Romeoville, IL, USA), (2) 
titanium mesh coated with Magnéli-phase titanium suboxides TinO2n-1 (Magneli Materials, LLC, 
New Canaan, CT, USA), and (3) the commercially available mixed metal oxide Ti/IrO2-Ta2O5, 
which to the best of our knowledge is tested here for anodic PFAS oxidation for the first time. The 
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interior dimensions of the flow-through electrochemical reactor mimicked those of a commercially 
available electrochemical parallel plate reactor with a UNCD anode that is operated at high flow 
rates (Advanced Diamond Technologies Inc., Romeoville, IL, USA) [37]. 

 

Figure 20: Schematic of the flow-through electrochemical reactor system showing the 
interior dimensions of the reactor and the 0.4 cm electrode spacing. While the influent was 
at the center of one side, the effluent was at the top of the opposite side to ensure that the 
reactor was completely filled with aqueous solution. The gas vent of the feed tank could be 
connected either to a base trap or to a carbon felt. The system could be operated in 
recirculation mode or in flow-through mode when the effluent was connected to a waste 
container. 

A 1-L polypropylene feed tank held 250 mL of influent PFAS solution, which was pumped through 
or recirculated within the electrochemical reactor system. Both reactor inlet and outlet lines (high-
density polyethylene) were equipped with two liquid sampling ports to collect samples over time. 
The closed feed tank’s gas vent could be connected either to a carbon felt cartridge or to a 0.1 M 
NaOH gas trap to capture volatile organofluorine compounds and HF [37].  

4.2.3 Electrochemical oxidation experiments 

EO experiments were performed using a bench-top direct current (DC) power supply (GW Instek® 
GPS-3030D, Montclair, CA, USA) in potentiostatic or galvanostatic mode. Like previous studies 
on the electrochemical oxidation of PFASs, Na2SO4 and NaCl were chosen as supporting 
electrolytes in synthetic groundwater [21,37]. While Na2SO4 concentrations were varied in the 
experiments, a constant concentration of 10 mg/L NaCl served the purpose of investigating the 
formation of the suspected oxidation by-products chlorate and perchlorate [21,38]. 
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Aqueous samples (100 μL for PFAS analysis and 600 μL for fluoride analysis) were obtained from 
the feed tank in recirculation mode and from the outlet sampling port in flow-through mode after 
shutting down the EO system. Samples for PFAS analysis were immediately diluted 1:1 with 
methanol (UHPLC Plus, Sigma-Aldrich, St. Louis, MO, USA) including isotope-labeled internal 
standards in 2-mL LC vials holding 250-μL polypropylene vial inserts (Restek, Bellefonte, PA, 
USA) with polypropylene caps (Phenomenex, Torrance, CA, USA). PFAS samples were stored at 
ambient temperature and analyzed within three days after the final sample was taken. Fluoride 
samples were analyzed immediately. 

To assess the energy requirements of the EO treatment, the electric energy per order of PFOS 
removed (EEO) was calculated by the following (Eq.1): 
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         (Eq.1)   

where P is power (kW), t is treatment time (h), V is the treated water volume (m3), and C0 and Ct 
are initial and final PFOS concentrations, respectively. Alternatively, the electric energy per order 
of PFOS-bonded fluorine removed (EEO,F) was determined as a more accurate descriptor of fully 
mineralizing PFOS by one order of magnitude in a unit volume of contaminated water.  

As major capital cost driver, the anode surface area per order of contaminant removed (ASAO) or 
per order of PFOS-bonded fluorine removed was calculated using [37]:  
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        (Eq.2)  

where A is the apparent anode area (m2). 

The reactor was thoroughly cleaned between experiments by extensive flushing with PFAS-free 
electrolyte solution and with methanol, both with and without applied voltage, until effluent 
samples showed no background contamination. 

4.2.4 Chemical analyses 

PFASs were analyzed on an Agilent 1290 liquid chromatograph coupled to an Agilent 6460 triple 
quadrupole mass spectrometer (LC/QqQ-MS) equipped with an electrospray ionization (ESI) 
source (Agilent, Santa Clara, CA). The analytes were separated on an Agilent Poroshell C18 
column (2.1 mm x 100 mm, 2.7 μm particle size) at 40 °C. A sample volume of 15 μL was injected 
into a binary mixture of 5 mM ammonium acetate in water (A) and 5 mM ammonium acetate in 
methanol (B) at a flow rate of 0.4 mL/min. The gradient used was 20% B for 1 minute, increasing 
to 45% B at 2 min, and finally increasing to 100% B at 5 min. Analytes were identified by 
comparison of retention times with analytical standards, individual multiple reaction monitoring 
mass transitions, and with MS/MS ion ratios. To minimize system-related interferences or 
background, an Agilent Eclipse Plus C18 column (4.6 mm x 50 mm, 5 μm particle size) was 
installed as a delay column. Five injections of pure methanol were made prior to sample analysis 
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to ensure that no system background analytes were present. Further details of our analytical method 
can be found in Singh Kalra et al. (2021) [17]. 

Ion chromatography on a Dionex Integrion HPIC (Thermo Fisher Scientific, USA) with a 
conductivity detector was used to quantify fluoride, chloride, chlorate, and perchlorate. The 
columns were a Dionex™ IonPac™ AG20 Guard Column (4 x 50 mm) and a Dionex™ IonPac™ 
AS20 Analytical Column (4 x 250 mm) operated at 30 °C. Chromatographic separation of anions, 
including verified baseline separation of fluoride and formate, was achieved using an aqueous 
hydroxide mobile phase gradient ramping from 0.5 mM to 55 mM at a flow rate of 1 mL/min for 
a total run time of 35 min plus 10 min of equilibration time between runs. The quantification limit 
for all four anions was 7.0 μg/L. 

Particle-induced gamma-ray emission (PIGE) spectroscopy was conducted at the University of 
Notre Dame according to previous publications. 

4.2.5 Quantum chemical calculations 

Density functional theory calculations were carried out at the unrestricted ωB97-XD/6-
311+G(2d,2p) level of theory with the Polarizable Continuum Model (PCM) for implicit water 
solvation using Gaussian 09, Revision B.01, to determine free energies of activation for DET. The 
crossing points between potential energy surfaces along a linearized reaction coordinate for the 
neutral parent compound and the one-electron oxidation product were calculated as a function of 
anode potential. The details of our computational approach are documented in Pica et al. (2019) 
[37]. The ωB97-XD functional was chosen because standard DFT approaches such as B3LYP 
significantly overestimate the impact of long-range charge transfer by underestimating the non-
local nature of electron exchange [39]. This level of theory has previously been successfully 
applied to investigate the reductive dehalogenation of PFASs [40]. 

4.3 Results and Discussion 

4.3.1 Performance comparison of mesh anode materials 

The choice of anode material affects the efficiency of the electrochemical treatment processes as 
well as the formation of potentially problematic oxidation by-products. To determine the 
performance of the three tested mesh anodes, we evaluated the electrochemical oxidation of PFOS 
at a high concentration of 5000 μg/L in recirculation mode at a constant current density of 60 
mA/cm2, a seepage velocity of 60 cm/d (i.e., one reactor volume exchange per 0.4 h), and Na2SO4 
and NaCl concentrations of 500 mg/L and 10 mg/L, respectively. The pseudo-first order PFOS 
oxidation half-life t1/2 (2.2 h) and the electric energy per order of PFOS removed EEO (4000 
kWh/m3) were lowest with the Magnéli-phase TinO2n-1 anode (Figure 21), followed by IrO2-Ta2O5 
(3.3 h and 4500 kWh/m3) and UNCD (5.5 h and 9600 kWh/m3). Porous TinO2n-1 is known to have 
a high electro-active surface area, favoring high contaminant oxidation rates and low energy 
consumption [41]. The higher degradation rate of the “active” IrO2-Ta2O5 mesh anode compared 
to the “non-active” UNCD mesh anode was unexpected given the higher oxygen evolution 
potential (OEP) and thus reactivity towards organic solutes of the BDD material [27,42]. The 
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energy consumption was roughly two orders of magnitude higher than what previous studies on 
electrochemical PFAS degradation have achieved in high-flow electrochemical reactors [43]. As 
alluded to previously, our flow-through reactor was designed with the same geometry as a 
commercial parallel plate reactor with a UNCD anode [37], albeit with one minor difference being 
that the commercial cell uses a stainless steel cathode instead of Ti/IrO2-Ta2O5. Using a high flow 
rate of 3 L/min under otherwise comparable conditions, we achieved an EEO of 94 kWh/m3 for 
PFOS treatment in the commercial cell, roughly 100 times lower than the 9600 kWh/m3 obtained 
in the low-flow reactor at 0.004 L/min simulating in situ groundwater conditions. Consequently, 
mass transfer significantly impacts the efficiency of electrochemical PFOS treatment using mesh 
electrodes, as frequently observed in previous electrochemical treatment studies [44]. 

 

Figure 21: Comparison of mesh anode materials for electrochemical PFOS oxidation based 
on half-life (t1/2), electric energy per order (EEO), PFOS defluorination (%), and both chlorate 
and perchlorate generation (%). Experimental conditions: current density 60 mA/cm2, 
seepage velocity 60 cm/d, PFOS concentration 5000 μg/L, Na2SO4 concentration 500 mg/L, 
NaCl concentration 10 mg/L. 

The PFOS defluorination efficiency was highest (and complete) for the Magnéli-phase TinO2n-1 
(107%), indicating a low potential for the formation of organofluorine intermediates, while only 
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some 80% of the fluorine in the degraded PFOS was recovered when IrO2-Ta2O5 and UNCD mesh 
anodes were used. 

The oxidation by-products chlorate and perchlorate were produced by all three materials; however, 
the extent of chloride oxidation was the lowest using Ti/IrO2-Ta2O5 (55.0% chlorate and 10.3% 
perchlorate within 6 hours). The lower generation of chlorine oxyanions on this mixed metal oxide 
is due to its lower OEP of 1.5-1.8 V vs. standard hydrogen electrode (SHE). TinO2n-1 and BDD 
have a higher OEP around 2.6 V vs. SHE [45,46], resulting in a higher degree of chloride oxidation 
on TinO2n-1 (42.5% chlorate, 53.1% perchlorate) and near-complete oxidation on UNCD (0.05% 
chlorate, 99.9% perchlorate). This finding is in agreement with preview studies, which have 
observed total conversion of Cl- to ClO4

- during electrochemical treatment operating with a BDD 
anode [21,47]. 

Based on faster oxidation kinetics, higher defluorination rate, and lower energy consumption, the 
Magnéli-phase TinO2n-1 mesh anode was chosen for further testing in subsequent experiments. 
Even though the higher generation of chlorine oxyanions using the Magnéli-phase TinO2n-1 mesh 
anode compared to the Ti/IrO2-Ta2O5 mesh anode was considered a minor disadvantage, both the 
use of either material would require a secondary treatment step and microbial reduction of chlorate 
and perchlorate can be readily achieved [21]. We note that while PFOS oxidation kinetics were 
relatively rapid at a current density of 60 mA/cm2, we observed high water temperatures and steam 
generation in the feed tank. Thus, current densities above 50 mA/cm2 were avoided in the 
following experiments. 

4.3.2 Impacts of varying process parameters on PFOS mineralization 

To test the impact of process parameters on the efficiency of electrochemical PFOS mineralization, 
we determined pseudo-first order half-lives, electric energy per order (EEO,F) and anode surface 
area per order (ASAO,F) of fluoride released as a function of current density, electrolyte 
concentration, seepage velocity, and initial PFOS concentration (Figure 22). The EO experiments 
were carried out in flow-through mode using the Magnéli-phase TinO2n-1 anode. The baseline 
conditions from which the individual parameters were varied included a current density of 50 
mA/cm2, a seepage velocity of 60 cm/d, a PFOS concentration of 1000 μg/L, and a Na2SO4 
concentration of 500 mg/L. 

Both the kinetic parameter t1/2 and the two sustainability indicators showed a clear improvement 
(i.e., a decrease) when the current was increased from 30 mA/cm2 to 40 mA/cm2, but only a minor 
improvement when further increasing to 50 mA/cm2 (Figure 22A), suggesting current-limited 
conditions occurred below 40 mA/cm2 [48,49].  

By increasing the electrolyte concentration, t1/2 values increased from 1.4 h to 2.0 h and 3.2 h 
operating at 250, 500, 1000 mg/L Na2SO4, respectively (Figure 22B). In contrast, only slight 
increases in EEO,F and ASAO,F values were obtained under the same electrolyte conditions, likely 
due to less electrical resistivity at higher electrolyte concentrations. The increasing PFOS half-life 
with increasing Na2SO4 concentration may be due to competition for DET under current-limiting 
conditions given that sulfate can be electrochemically activated/oxidized [37,50] and was about 
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three orders of magnitude more abundant than PFOS. Yet, the generated sulfate radicals are known 
to be unreactive towards PFSAs [51], thus not facilitating PFOS degradation in EO systems. 

 

Figure 22: Impacts of current density (A), Na2SO4 electrolyte concentration (B), seepage 
velocity (C) and initial PFOS concentration (D) on the PFOS oxidation half-life (t1/2), electric 
energy per order (EEO,F) and required anode surface area per order (ASAO,F) of fluorine 
released as aqueous fluoride. The EO experiments were completed in flow-through mode 
using Magnéli-phase TinO2n-1 and Ti/IrO2-Ta2O5 as anode and cathode, respectively. 

Variations in seepage velocities showed a decreasing PFOS half-life, EEO,F, and ASAO,F with an 
increase from 30 cm/d to 120 cm/d (Figure 22C). At higher flow rate, better removal of O2 gas 
generated from water electrolysis likely increased mass transfer through enhanced wetting of the 
anode surface [36].  

With increasing initial PFOS concentrations, all three parameters EEO,F, ASAO,F and t1/2 increased 
(Figure 22D). As reported in previous studies, a high initial contaminant concentration may lead  
to a higher concentration of transient intermediates which compete for DET with the parent 
contaminant on the anode surface, reducing the observed degradation efficiency [52]. The apparent 
concentration-dependence suggests current limitations in addition to mass transfer limitations 
under these treatment conditions [53].  
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4.3.3 Fate of fluorine during anodic PFOS oxidation 

Many previous electrochemical studies have reported incomplete fluorine mass balances, 
impeding a reliable assessment regarding the potential formation of problematic intermediates. A 
critical knowledge gap concerns the formation of volatile species that may escape into the 
atmosphere [23]. Consequently, we performed an experiment with an initial PFOS concentration 
of ~200 μg/L in recirculation mode to track the fate of fluorine in our system. The current density 
was 50 mA/cm2, the seepage velocity was 120 cm/d, and the Na2SO4 and NaCl concentrations 
were 500 mg/L and 10 mg/L, respectively. 

Figure 23A shows that after a short lag time in the system, the concentration of PFOS-bonded 
fluorine dropped continuously from 121 μg/L to 0.36 μg/L after 74 h of treatment, equivalent to 
99.7% of PFOS removal. In addition, 83.5% of the fluorine originating from PFOS, equivalent to 
an aqueous concentration of 101 μg/L, was recovered as aqueous fluoride, indicating that cleavage 
of the carbon-fluorine bond had been achieved as a result of electrochemical oxidation. Several 
previous studies have reported transient electrochemical transformation of PFOS to PFOA and 
successively shorter-chain PFCAs [35,48,54]. However, our sensitive LC/QqQ-MS analysis did 
not detect any aqueous PFCAs at a quantification limit of 5 μg/L (i.e., ~2.5% of the initial PFOS 
concentration). Consequently, at the end of this experiment, >15% of the initial fluorine in PFOS 
was not accounted for in the aqueous phase. 

In an effort to close the fluorine mass balance, we analyzed the effluent gas generated during the 
electrolysis of water. The IC analyses of fluoride recovered in the gas trap showed that 2.0% of 
the initial PFOS-bonded fluorine had been volatilized from the feed tank as HF. Additional fluorine 
was detected via PIGE, equivalent to 2.2 μg/L or 1.8% of the initial PFOS-bonded F. A control 
experiment in which HF gas was equilibrated with the carbon felt showed that even full conversion 
of the 200 μg/L PFOS to HF would not have been detectable by PIGE due to poor adsorption of 
HF to the carbon felt. Consequently, the 1.8% of fluorine detected by PIGE was likely volatile 
organofluorine compounds. 

Despite our best efforts to close the fluorine mass balance, 12.4% of fluorine remained 
unaccounted for in the EO system (Figure 23B). Other loss mechanisms for fluorine exist that 
would have escaped our analytical techniques. For instance, at high anodic potentials, fluoride may 
be oxidized to F2 gas [23]. Transient organic intermediate products other than PFCAs may have 
been formed, whose identification through non-targeted high-resolution mass spectrometry and 
quantification, however, would have been severely challenged by low concentrations and 
availability of reference standards, respectively. Furthermore, sorptive losses to the reactor 
materials may have occurred as supported by the decline in total aqueous fluorine within the initial 
period of the experiment (Figure 23A) as well as by the findings of the experiment reported below. 
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Figure 23: A) Aqueous fluorine mass balance for the electrochemical oxidation of ~200 μg/L 
PFOS at a Magnéli-phase TinO2n-1 mesh anode, showing the time-dependent concentrations 
of F bonded in the parent PFOS (orange), generated fluoride in aqueous solution (blue) and 
the sum of these two species as total F (black). The red line indicates F concentration in the 
system at the start of the experiment. B) Total fluorine mass balance at the end of the 74-
hour experiment. 

A specific knowledge gap that has not been sufficiently addressed is whether fluorination of the 
anode during electrochemical PFAS oxidation may occur [55]. Consequently, we used PIGE 
spectroscopy to probe the extent and nature of PFOS adsorption to the mesh anode. Due to the low 
PFOS concentrations in our experiments, we recovered the used TinO2n-1 anode after multiple 
experiments (Figure 22 and Figure 23) to enable sufficient accumulation of fluorine, and thus 
acknowledge that our PIGE analysis is not quantitative with respect to the fluorine mass balance 
shown in Figure 23B. After rinsing with DI water and air-drying, the used anode showed a 
significantly higher signal of 482 ± 35 counts/μC compared to an unused mesh anode (180 ± 22 
counts/μC), indicating that fluorine had accumulated at the anode surface during treatment. When 
the used anode was subsequently extracted with pure methanol for 30 minutes, the PIGE signal 
dropped to 214 ± 22 counts/μC, not significantly higher than for the unused mesh anode. This 
observation implies that the association of fluorine and/or fluorine-bearing organic species to the 
Magnéli-phase TinO2n-1 anode were due to physisorption rather than through formation of covalent 
bonds at the surface. 

Finally, we tracked the fate of chlorine throughout the 74-h treatment experiment (Figure 24) to 
further evaluate the generation of oxidation by-products. Specifically, 87% of the initial chloride 
was oxidized within the first 6 hours of treatment, leading to rapid generation of chlorate and 
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subsequent slower oxidation to perchlorate. A ~25% deficit in the aqueous chlorine mole balance 
was observed during the initial period of maximum chloride oxidation to chlorate, likely due to 
the intermediate generation and (partial) volatilization of Cl2 and HOCl gasses [38]. 

 

Figure 24: Chlorine mole balance for the PFOS degradation experiment illustrated in Figure 
4 of the main manuscript, showing aqueous chloride (green), chlorate (orange), and 
perchlorate (blue) concentrations as well as the sum of these three species as total chlorine 
(black) as a function of electrochemical oxidation time. The red line indicates the initial 
chlorine concentration in the reactor system at the start of the experiment. 

4.3.4 Comparison of electrochemical oxidation kinetics for PFCAs and PFSAs 

Previous studies have reported contradictory results regarding the EO kinetics of PFSAs compared 
to PFCAs. While most studies have observed faster degradation of PFCAs, Wang and co-workers 
(2020) witnessed faster PFSA oxidation at a Ti4O7 anode [23,25]. To investigate the EO kinetics 
as a function of chain length and terminal functional group at the Magnéli-phase TinO2n-1 mesh 
anode, we tested the simultaneous degradation of various PFAAs under similar conditions as in 
Section 3.3, i.e., a seepage velocity of 120 cm/d and Na2SO4 and NaCl concentrations of 500 mg/L 
and 10 mg/L, respectively. The current density was slightly lower at 45 mA/cm2, with negligible 
differences expected compared to 50 mA/cm2 based on the observations in Figure 22C. The 
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concentrations of the species was ~25 μg/L each, approximately one order of magnitude below the 
PFOS concentration used in the experiment above and sufficiently dilute so that competition 
between PFASs for active anode adsorption sites can be neglected [25]. However, before applying 
a potential to the electrodes, the synthetic groundwater solution was circulated in the reactor 
system for two hours to assess adsorption losses. As Figure 25 shows, adsorption was negligible 
for PFCAs with ≤8 carbon atoms, while losses of 37 ± 6% and 73 ± 3% were observed for the 
long-chain species perfluorononanoate (PFNA) and perfluorodecanoate (PFDA). Among the more 
hydrophobic PFSAs, losses in perfluorobutane sulfonate (PFBS) and perfluorohexane sulfonate 
(PFHxS) were negligible, while the PFOS concentration decreased by 24 ± 7%. 

 

Figure 25: Change in PFAS species concentration (%) during the two hours in the reactor 
system prior to applying a potential, indicating sorption losses. 
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During electrochemical treatment, two general reactivity trends were observed (Figure 26): (1) 
PFCAs (0.0182 ± 0.0003 – 0.0389 ± 0.0041 h-1) were removed faster than PFSAs (0.0047 ± 0.0005 
– 0.0242 ± 0.0024 h-1) with the same number of fluorinated carbon atoms; and (2) first-order rate 
constants increased with increasing chain length (Figure A 1 in Appendix A). The only exception 
to the latter observation was PFDA, whose concentration had substantially decreased upon 
adsorption within the first two hours prior to applying a potential. Further losses in the fluorine 
mass balance during the first few hours of the experiments suggested ongoing PFAS adsorption 
(Figure 27). A final fluorine recovery of 85% in the aqueous phase calculated from the sum of 
PFAS-bonded F and aqueous F- suggested a similar fate of fluorine as determined in Figure 23B. 

 

Figure 26: Observed pseudo-first-order rate constants for seven PFCAs (solid) and three 
PFSAs (shaded) undergoing oxidation at a Magnéli-phase TinO2n-1 mesh anode. 
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Figure 27: Fluorine mass balance for the simultaneous electrochemical oxidation of 10 
perfluoroalkyl acids, showing fluorine concentrations in PFASs (orange), in aqueous solution 
(as fluoride, blue), and the sum of these two species as total fluorine (black) as a function of 
electrochemical oxidation time. The red line indicates the fluorine concentration in the 
system at the start of the experiment, corrected for adsorption losses observed in the first 
two hours prior to applying a potential (Figure 25). 

Differences in EO kinetics can in theory be caused by several compound-specific factors, such as 
diffusivity, activation barrier, hydrophobicity, and reactivity towards co-occurring chemical 
species. Despite the observed mass transfer limitations, diffusivity did not appear to be a governing 
factor as diffusion coefficients decrease with increasing chain length, favoring short-chain PFASs 
[56]. Our DFT calculations in Figure 28A showed that there were no considerable differences in 
chain length-dependent activation free energies for DET among PFCAs (PFBA, PFHxA, PFOA) 
and PFSAs (PFBS, PFHxS, PFOS). This finding is in agreement with standard reduction potentials 
E0 predicted by Radjenovic and co-workers (2020) [23], but contrasts findings by Li et al. (2021), 
who reported a low DET activation barrier for PFBS but subsequent C-S bond breakage being the 
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rate-limiting step [57]. Furthermore, perfluoroalkyl chain branching, which may impact 
electrochemical oxidation kinetics but has not been sufficiently studied to date [23,58], did not 
affect the dependence of anode potential on the free energy of activation (Figure 28B). Yet, PFSAs 
were found to require slightly higher anode potentials than PFCAs (Figure 28A); while DET 
becomes barrierless for PFCAs at an anode potential versus standard hydrogen electrode ESHE of 
3.1 V, PFSAs require an ESHE of 3.3 V. The calculated potential for PFCAs here was slightly higher 
than the E0 of 2.9-3.0 V predicted by Radjenovic et al. (2020) [23] and for PFSAs lower than the 
3.7 V predicted by Radjenovic et al. (2020) [23] and Shi et al. (2019) [35]. We note, however, that 
the ωB97-XD functional used in this study more accurately treats the non-local nature of electron 
exchange than previously used functionals [39]. Nevertheless, the relatively minor differences in 
potential-driven activation free energies for DET between PFCAs and PFSAs cannot explain the 
observed differences in electrochemical oxidation kinetics as the anode potential was higher than 
required for barrierless DET at the applied potential of ~20 V (Figure 29). 

 

Figure 28: Density functional theory calculations of free energies of activation for direct 
electron transfer as a function of anode potential at the PCM/ωB97-XD/6-311+G(2d,2p) level 
of theory. A: PFSAs require higher anode potentials than PFCAs but impacts of chain length 
are negligible. B: Branched PFOS (br-PFOS) and linear PFOS (l-PFOS) show no difference 
in anode potential dependence on electrochemical oxidation kinetics. 

More likely, the difference in reactivity as a function of chain-length can be explained by the more 
hydrophobic character of longer-chain PFASs, favoring adsorption to the anode surface [23]. This 
effect, however, cannot explain the observed difference in EO kinetics between PFCAs and their 
more hydrophobic PFSA counterparts. Given the anode potential was high enough to ensure 
barrierless DET for both classes, it appears plausible that electrochemically activated sulfate 
contributed to the removal of PFCAs [50]. Sulfate radicals are known to oxidize PFCAs but not 
PFSAs [15]. 
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Figure 29: Anode potentials on the Magnéli-phase titanium suboxide surface as a function of 
Na2SO4 concentration and applied potential, measured against a flexible Ag/AgCl reference 
electrode (Flex-Ref; World Precision Instruments, Sarasota, FL). 

4.4 Cost Comparison 

To acquire a first rough understanding of treatment costs for this novel approach, we performed a 
cost estimate for the in situ electrochemical removal of one order of magnitude of PFOS (e.g., 
from 690 ng/L to 69 ng/L below the U.S. EPA health advisory for drinking water) and compared 
it to the estimated costs of incineration, currently the only destructive technology for PFASs 
available at the full scale. We note that this estimate bears great variability and given differences 
in hydrogeology, water quality, and other factors at impacted sites. Major parameters affecting the 
costs of in situ electrochemical groundwater treatment are as follows: 

 Depth to water and other hydrogeological factors (e.g., sediment vs. rock). 

 Electrode costs: PFAS-oxidizing anode possibly more expensive than cathode, whose sole 
purpose is to close the circuit. 

 Durability of the electrode material. 

 Electricity costs: may be mitigated by using solar power. 

 Water quality: Especially precipitable species such as carbonate, calcium, and magnesium are 
of concern, and can degrade electrochemical oxidation performance rapidly if polarity 
reversals are not sufficiently frequent and long. This is the main reason why every single site 
needs individual performance pre-testing. Electrical conductivity of the water is an important 
parameter as well. 

Other relevant parameters exist, some of which can be readily identified in Figure 22. In general, 
one of the major objectives during pilot testing should be the identification of an optimal voltage 
/ current and polarity reversal schedule. 
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To obtain a reasonable, comparable cost estimate, we used the site parameters at Pueblo Chemical 
Depot (Colorado), where a 240 ft2 in situ e-Barrier had been built and a detailed cost estimate had 
been provided previously [26]. The average groundwater Darcy velocity at the site is 250 ft/y. Cost 
elements specific to the site but not specific to the contaminant were adopted with a total inflation 
of 25% since 2010. Other assumptions were: 

 Replacement of electrodes every two years; 

 Current density 50 mA/cm2; 

 ASAO of 1,000 m2∙h/m3 (based on 30 cm/d in Figure 22C); 

 10 years of operation. 

Based on these assumptions, total costs of $2,000,000 can be expected, of which 25% are capital 
costs and 75% are operation & maintenance costs, largely driven by electrode service life (Table 
3). 

Table 3: Cost estimate for in situ electrochemical oxidation of one order of magnitude of 
PFOS in a 240 ft2 e-Barrier for 10 years total. Please note the assumptions stated in the text. 

 

These costs over 10 years are not insignificant, but likely considerably less compared to direct 
water incineration. At a Darcy velocity of 250 ft/y and a cross sectional area of 240 ft2, 1,700 m3 

Cost element Cost type Description Cost  Unit cost per ft2

Mesh anodes and cathodes 146,136.82$            608.90$                  

Vinyl sheet pile 4,011.00$                16.71$                    

Geonet/geoxtile 309.00$                   1.29$                      

Reference electrodes 24,000.00$              100.00$                  

Solar array 244,950.00$            1,020.63$               

Miscellaneous hardware 3,429.00$                14.29$                    

Data logger and communication system 3,639.00$                15.16$                    

Engineer/project lead 13,749.00$              57.29$                    

Field Technician 11,250.00$              46.88$                    

Subtotal 451,473.82$            1,881.14$               

Mobilization 27,918.75$              lump sum

Installation 8,874.00$                36.98$                    

Utilities Solar array installation 2,220.00$                9.25$                      

Engineer/project lead 21,249.00$              88.54$                    

Field Technician 7,500.00$                31.25$                    

Waste disposal Off‐site disposal of excavated soils 2,694.00$                11.23$                    

Subtotal 70,455.75$              293.57$                  

Capital costs 521,929.57$            2,174.71$               

Operational costs Labor and expenses
Download data, review data, annual 

inspection for 10 years
375,000.00$            lump sum

Maintenance costs Labor and expenses
Assuming 10‐year life cycle with 

biannual exchange of electrodes
1,099,038.29$         4,579.33$               

O & M costs 1,474,038.29$         6,141.83$               

TOTAL COSTS 10 years of operation 1,995,967.87$  

Installation

Contractor

Labor

Materials (e‐Barrier)

Materials

(electrical system)

Labor

Material and

panel fabrication
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of groundwater would have to be incinerated per year, or 17,000 m3 over a 10-year period. Based 
on personal communications with Chemours, the current costs of water incineration in the U.S. 
are on the order of $220 to $660 per m3. In this example, using average incineration costs of $440 
per m3, the total costs over 10 years would amount to $7,480,000, not considering rather negligible 
costs for pumping well and piping installation (~$30,000) and electricity (~0.5 kWh per m3). 
Clearly, direct water incineration, although currently practiced in the U.S., is inefficient. In this 
case, concentration prior to destructive treatment, for instance via nanofiltration [37], should be 
strongly considered. 

4.5 Conclusions 

In situ groundwater remediation technologies that can destroy PFASs are highly desirable. 
Previous work on other contaminants such as chlorinated solvents and energetic compounds has 
demonstrated that electrochemical oxidation can be implemented as an in situ PRB using mesh 
electrodes that remain operative for extended periods (>2 years) [26,59]. Our bench-scale 
performance testing of mesh electrodes in a flow-through EO reactor suggests that this approach 
may be a viable in situ solution for PFAS-impacted groundwater too, achieving >99% removal 
and full mineralization of highly refractory PFAAs as evidenced by fluoride release. 

As with other destructive technologies, several challenges on the path to in situ implementation 
remain to be addressed. Some of our proof-of-principle experiments were conducted in 
recirculation mode. At field sites where recirculation may not be practicable, multiple electrode 
pairs need to be installed. The number of required electrodes must be determined based on site-
specific parameters such as water quality, PFAS concentrations, and groundwater flow rate [28]. 
Furthermore, the high potentials and current densities required for PFAS mineralization may lead 
to considerable heat and gas generation. Gas generation needs to be managed and scrutinized, 
especially because our analyses detected HF and organofluorine intermediates in the reactor off-
gas. It is unclear at this point whether this is an artifact of the small bench-scale, however, as 
volatile species may redissolve during longer travel paths and times in deeper field installations. 
Finally, energy consumption is substantially higher than in (ex situ) electrochemical systems with 
active pumping that have been optimized for enhanced mass transfer [22,35]. 

As our study demonstrates the general viability of in situ electrochemical PFAS destruction, future 
work should focus on optimizing design and implementation. For instance, the application of three-
dimensional electrodes may substantially increase contaminant degradation rates and overall 
treatment efficiency by facilitating contaminant mass transfer and adsorption [60] at the typically 
low PFAS concentrations encountered in impacted groundwater, given the material has a 
sufficiently high hydraulic conductivity to avoid groundwater flow diversion. For impacted sites 
with excessively slow groundwater flow velocities, in-well installations may be a viable solution 
[61,62]. In conclusion, our performance testing evaluations herein demonstrate that 
electrochemical treatment is a promising approach for in situ destruction of PFASs and sets a 
foundation for further investigation and optimization. 
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5   BIOELECTROCHEMICAL TREATMENT OF PFASs IN COMPLEX 
AFFF 

5.1 Introduction 

Our success in combining electrochemical with biological degradation processes for 1,4-dioxane 
and CVOCs (Chapter 3) motivated us to explore synergies in the treatment of AFFF-impacted 
media. In general, the complex AFFF chemical composition can be divided into the three main 
categories of PFAAs, polyfluorinated precursor compounds, and non-fluorinated chemicals such 
as hydrocarbon surfactants [1,2]. While the non-fluorinated components are expected to be readily 
biodegradable, especially in the presence of O2 as electron acceptor [2], question remain regarding 
the biotransformation of PFASs. 

The transformation of polyfluorinated compounds has been widely documented. While bacteria 
generally transform polyfluorinated species to dead-end PFAAs [3], fungal transformation 
pathways produce more degradable polyfluoroalkyl carboxylic acids, such as 5:3 acid, with lower 
PFAA yields compared to microbial consortia [4]. As of 2021, the predominant belief is that 
PFAAs are biologically inert, but some studies have claimed that PFAA transformation by 
microorganisms or enzymes is possible. However, previous studies have not provided sufficient 
experimental evidence (e.g., defluorination, realistic metabolite identification) that definitively 
proves PFAA biodegradability, let alone mineralization [5-7].  Huang and Jaffé [8] reported 
removal of PFOS and PFOA accompanied by the generation of fluoride and short-chain PFAAs 
in the Feammox process. These observations are promising but, as of today, remain to be 
independently reproduced and mechanistically elucidated. Luo and co-workers [9-11] reported the 
degradation of PFOA and PFOS in a laccase-mediator system. 

Laccase is an extracellular ligninolytic enzyme produced by wood-rotting fungi such as Trametes 
versicolor. Wood-rotting fungi and their enzymes have great potential for bioremediation because 
of their ability to mineralize large biological polymers like lignin and various environmental 
pollutants [12]. Laccase from T. versicolor is one of the highest redox potential laccases (785 mV). 
Like most laccases, it can oxidize compounds with higher redox potentials, which are not direct 
substrates, using the laccase-mediator system [13]. These mediator compounds can be synthetic or 
natural, phenolic, azo, hydroxamic acids, and oxime compounds, which are oxidized by laccase to 
produce radical species that can further assist in the transformation of the target compounds. 

The overarching objective of this study was to explore whether fungal pre-treatment of AFFF-
impacted water can increase the efficiency of subsequent electrochemical oxidation processes. As 
biotransformation of AFFF components was expected to be substantially slower than aerobic 
biodegradation of 1,4-dioxane (Chapter 3), the biological and electrochemical processes were 
spatially and temporally separated, i.e., AFFF-spiked synthetic groundwater was pre-treated with 
T. versicolor first and subsequently underwent electrochemical oxidation. 
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5.2 Materials and Methods 

5.2.1. Chemicals 

The AFFF sample was a 3M electrofluorination AFFF product. PFOS was supplied from Sigma 
Aldrich (>98%, USA). Surrogate standards (MPFAC-MXA, >99%) were purchased from 
Wellington Laboratories (Guelph, ON, Canada). KH2PO4 and Na2HPO4 were purchased from 
Sigma Aldrich (>99%, USA).  

5.2.2. Biological Treatment 

Trametes versicolor was cultivated on agar plates containing 4 g/L yeast extract, 10 g/L malt 
extract, 4 g/L glucose, and 16 g/L agar for 10 days at 30 °C and stored at 4 °C until used. All fungal 
treatment reactions were performed in Tisma medium [14] containing 10 g/L glucose, 0.3 g/L 
peptone, 0.5 g/L yeast extract, 1.6 g/L KH2PO4, 0.4 g/L Na2HPO4, 0.057 g/L CaCl2ꞏ2H2O, 0.5 g/L 
MgSO4ꞏ7 H2O,  0.25 g/L citric acid, 0.1% Tween 80, 0.035 g/L FeSO4ꞏ7H2O, 0.007 g/L 
MnSO4ꞏH2O, 0.011 g/L ZnSO4ꞏ7H2O, 0.002 g/L H3BO3, 0.00035 g/L KI, and 0.00064 g/L CuSO4. 
Laccase for enzyme-catalyzed reactions was purchased for Sigma Aldrich. 

For biological pretreatment of AFFF-spiked water, 2-L baffled Erlenmeyer flasks containing 400 
mL Tisma medium were inoculated in triplicates at 104 spores/mL and the fungi were allowed to 
grow for 4 days before addition of the AFFF to a final dilution of 1:12,500. A killed fungal control 
was prepared to account for biosorption and other matrix effects. All reactors were incubated at 30 
°C and 150 RPM for 19 days. Every 2 days, 200-μL samples were collected and diluted with an 

equal volume methanol to stop the reactions, filtered through a 0.2-μm polyethersulfone (PES) 

filter, and analyzed via LC/QToF-MS (see below). At the same time, 400-μL samples collected 

every 4 days were autoclaved to stop the reaction. These samples were also filtered through 0.2-
μm PES filters and analyzed for aqueous fluoride via ion chromatography (see below). All reactors 

were kept open to atmosphere under sterile conditions for 30 minutes every day to supply oxygen 
required for aerobic metabolism. 

5.2.3. Electrochemical treatment system 

The electrochemical flow cell (Advanced Diamond Technologies Inc., Romeoville, IL) held a 
stainless steel cathode and a boron-doped diamond (BDD) anode with an active surface area of 44 
cm2. All solutions were recirculated from a 1-L polypropylene container at a flow rate of 3 L/min 
and an applied potential of 30 V. Two 0.5 M NaOH gas traps in series were used to capture volatile 
HF. Three treatment experiments were conducted: (1) PFOS in pure electrolyte solution (i.e., major 
Tisma medium salts 1.6 g/L KH2PO4, 0.4 g/L Na2HPO4), (2) AFFF in the same pure electrolyte 
solution, and (3) a composite sample of the fungal pretreated triplicate solution. 

5.2.4. Chemical Analyses 

Non-targeted and semi-targeted analyses were used to characterize the AFFF and treated samples. 
Samples were diluted 1:20 with methanol (UHPLC-grade, Sigma Aldrich) prior to analysis, spiked 
with appropriate internal standards, and analyzed on an Agilent 1290 Liquid Chromatograph 
paired with an Agilent 6530 Quadrupole Time-of-Flight Mass Spectrometer (LC/QToF-MS). 
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Liquid chromatography was performed with a 2.1 x 150 mm, 5 μm Atlantis dC18 column (Waters), 
a 2.1 mm x 5 mm, 5 μm Atlantis dC18 VanGuard guard column (Waters), and a mobile phase 
consisting of 5 mM ammonium acetate in water (A) and 1% water / 99% methanol (B) at a flow 
rate of 0.5 mL/min. A gradient method was used, starting at 20% B for 6 minutes, then constantly 
increasing to 90% B by 12 minutes. Electrospray ionization was operated in both positive and 
negative modes with a capillary voltage of 3500 V, a fragmentor voltage of 150, and a gas 
temperature of 350 °C. Nitrogen (>99.999% purity, Airgas) was used as the nebulizer and drying 
gas with flow rates of 9 and 11 L/min, respectively. High-resolution accurate mass spectra were 
recorded across the range m/z 100 - 1,000. Peaks were matched to a PFAS database that was 
generously provided by Dr. Chris Higgins (Colorado School of Mines) as well as to an in-house 
database of polyethoxylated surfactants, including polyethylene glycols, alkyl ethoxylates, and 
nonylphenol polyethoxylates, and of polypropylene glycols that we had previously analyzed in 
wastewater samples [15-18].  

The total oxidizable precursor (TOP) assay was performed based on a protocol previously 
developed by Houtz & Sedlak [19] with some modifications. Potassium persulfate was added to a 
final concentration of 60 mM as dry powder to minimize sample dilution. Sodium hydroxide was 
added from a 5 M stock solution to a final concentration of 250 mM to ensure that the pH remained 
above 12 in the water samples for the entire duration of the oxidation. The samples were then 
transferred to a temperature-controlled water bath and treated at 85 °C for six hours. After cooling, 
samples were spiked with internal standard solution (MPFAC-24ES, Wellington Laboratories), 
sodium chloride added, and then vortexed. Liquid-liquid extraction was performed with 90% ethyl 
acetate / 10% trifluoroethanol solution for 30 mins on a rotary mixer. Samples were centrifuged 
for 2 minutes at 3500 rpm and the upper organic phase transferred to a clean vial. Solvent 
extraction was repeated, supernatants combined, and then dried under nitrogen. Samples were 
resuspended by vortexing with 500 μL of methanol and then diluted with 500 μL of water. Final 
samples were transferred to sample vials with polypropylene insert and polypropylene caps for 
PFAS quantification on an Agilent 1290 liquid chromatograph coupled to an Agilent 6460 triple 
quadrupole mass spectrometer (LC/QqQ-MS) equipped with an electrospray ionization (ESI) 
source using Agilent Jet Stream Technology (Agilent, Santa Clara, CA). The analytes were 
separated on an Agilent Poroshell C18 column (2.1 mm x 100 mm, 2.7 μm particle size) at 40 °C. 
A sample volume of 15 μL was injected into a binary mixture of 5 mM ammonium acetate in water 
(A) and 5 mM ammonium acetate in methanol (B) at a flow rate of 0.4 mL/min. The gradient used 
was 20% B for 1 minute, increasing to 45% B at 2 min, and finally increasing to 100% B at 5 min. 
The ionization source conditions used were as follows: negative ESI, nebulizer of 15 psi, gas flow 
of 4 L/min at 230°C, sheath gas flow of 12 L/min at 350 °C, nozzle voltage of 500 V, and capillary 
voltage at 3500 V. Analytes were identified by comparison of retention times with analytical 
standards, individual MRM mass transitions, and with MS/MS ion ratios. Peaks matching retention 
within 5% and with ion ratios at 20% of the standard ratio were considered acceptable for 
identification. The data collection and processing were performed by using Agilent MassHunter 
Quantitative software (v B.07.01). Quantitation was performed with linear regression using 
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calibration curves from 0.01-250 ng/mL. To minimize system-related interferences or background, 
an Agilent Eclipse Plus C18 column (4.6 mm x 50 mm, 5 μm particle size) was installed as a delay 
column immediately after the binary pump and prior to the injection port. The mobile phase 
degasser was bypassed allowing the mobile phase to enter the binary pump directly and avoiding 
contact with plastic filters. All plastic tubing in the LC/MS system was replaced with PEEK tubing 
and plastic frits were replaced with stainless steel. Five injections of pure methanol were made 
prior to sample analysis to determine if any system background analyte levels were present. With 
these system changes, background levels for each analyte were not detected in blank samples. The 
complete oxidative conversion of the quantified precursor compounds 4:2 FTS, 6:2 FTS, 8:2 FTS, 
and FOSA confirmed the effectiveness of our modified TOP assay protocol. 

Fluoride was quantified via ion chromatography on a Dionex ICS 1500 using a Dionex IonPac 
AS16 (250 m x 4.0 mm ID) column with an IonPac AG16 guard column (4 x 50 mm). A sodium 
hydroxide gradient was applied, ramped from 5 mM to 100 mM NaOH over 60 minutes at flow 
rate of 0.8 mL/min, to achieve chromatographic separation of fluoride from formate and acetate, 
which may be formed during cathodic reduction of CO2. Control samples confirmed there were no 
background sources of fluoride. 

Total organofluorine was quantified via combustion ion chromatography by Dr. Thomas Holsen 
at Clarkson University [20]. 

5.3 Results and Discussion 

5.3.1 Electrochemical treatment of AFFF 

Figure 30 shows the electrochemical oxidation kinetics of PFOS, the main PFAS species in the 
AFFF sample, during treatment of the complex AFFF solution versus in clean background 
electrolyte solution. In the absence of other AFFF components, the pseudo-first-order rate constant 
was higher (0.0132 min-1) than in the complex sample at the same PFOS concentration of 1 mg/L 
(0.0039 min-1). Consequently, even at a high current density of 125 mA/cm2, the treatment process 
was current-limited and other AFFF ingredients slowed down the electrochemical degradation rate 
of PFOS. 

To further characterize the electrochemical treatment of the dilute AFFF solution, we tracked 
organofluorine compounds by total organofluorine via combustion ion chromatography and the 
TOP assay. Similar to the observed PFOS concentrations over time (Figure 30), total 
organofluorine concentrations decreased sharply during the first 30 minutes of treatment, but less 
pronounced afterwards (Figure 31). However, aqueous fluoride from C-F bond cleavage was 
generated almost constantly throughout the experiment (Figure 31). These data imply that PFASs 
initially adsorbed to the anode surface, but were continuously degraded. The incomplete but 
increasing fluorine mass balance towards the end of the experiment (Figure 31) indicated that after 
420 minutes of treatment, PFASs were still adsorbed at the anode and kept breaking down. 
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Figure 30: Pseudo-first-order kinetics of electrochemical PFOS oxidation in pure electrolyte 
solution, in untreated AFFF-spiked electrolyte solution, and in AFFF-spiked electrolyte 
solution pretreated with Trametes versicolor. 

 

Figure 31: Concentrations of aqueous fluoride and total organofluorine measured via 
combustion ion chromatography during electrochemical oxidation of 1:12,500-diluted 
AFFF. 
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The TOP assay confirmed the observation of a steep PFAS concentration decrease in the first 30 
minutes of the experiment. Notably, the concentration of PFAA precursor compounds decreased 
more strongly than the concentration of PFAAs (Figure 32). The underlying mechanism for this 
observation is likely related to the transformation of precursors by reactive oxygen species such as 
hydroxyl radicals, generated from water oxidation at the anode. While PFAAs are only degraded 
by direct electron transfer at the surface of the anode [21], the non-fluorinated moiety of the 
precursors can be oxidized by ROS [19] in the vicinity of the anode. We note that no PFOS was 
generated during the TOP assay, suggesting that the slower PFOS oxidation kinetics in the AFFF 
sample were not biased by precursor oxidation. 

 

Figure 32: Concentrations of PFAAs and PFAA precursors quantified via the TOP assay 
during electrochemical oxidation of 1:12,500-diluted AFFF. 

The total organofluorine analysis and the TOP assay were in good agreement on the fluorine 
content of the dilute AFFF sample (1,670 vs. 1,580 μg/L), indicating a total fluorine content of 2% 

in the original AFFF sample. 

5.3.2 Fungal pretreatment of AFFF 

Besides several PFSAs and PFCAs, non-targeted high-resolution mass spectrometry putatively 
identified several polyfluorinated species in the AFFF samples. Four of the major species based 
on abundance and selected for the assessment of biological treatability were N-dimethyl ammonio 
propyl perfluoropropane sulfonamide (AmPr-FPrSA), N-dimethyl ammonio propyl 
perfluoropentane sulfonamide (AmPr-FPeSA), 4:2 fluorotelomer sulfonamido propyl amine (4:2 
FTSA-PrAn), and 6:2 fluorotelomer sulfonamido propyl amine (6:2 FTSA-PrAn). 

Figure 33 shows the normalized PFAS concentrations at the end of the 19-day fungal pre-
treatment. For some species, notable decreases in relative concentrations were observed, including 
PFBS and PFPeA. However, especially for two of the polyfluorinated compounds (AmPr-FPrSA 
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and 6:2 FTSA-PrAn), substantial increases by 63% and 27% were observed. Concentration 
increases may occur due to transformation if the parent analyte is also a transformation product of 
a different precursor. However, we note that no mass-labeled internal standards were available for 
the polyfluorinated compounds, so their peak areas were corrected based on the mass-labeled 
PFSA or PFCA internal standard with the closest chromatographic retention time. This step may 
dramatically increase the uncertainty related to (semi-)quantitation. 

 

Figure 33: Normalized PFAS concentrations after 19 days of fungal pretreatment 
normalized to the initial concentrations. 

To further assess the fate of the major PFASs in the samples treated by T. versicolor, and to 
distinguish biotransformation from sorption losses we determined the differences between active 
and killed batches. The raw data can be found in Figure A 2 and Figure A 3 in Appendix A. Figure 
34 shows the differences in normalized PFSA concentrations through time. Substantial decreases 
(i.e., lower relative abundances in fungal versus killed treatments) were observed for all four major 
PFSAs. However, these decreases did not consistently evolve over time but showed substantial 
variability, possibly due to precursor transformation to PFSAs. 
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Figure 34: Differences in normalized PFSA concentrations between samples pretreated by 
Trametes versicolor and killed controls, averaged for triplicate samples. A negative value 
indicates a lower concentration in the fungal batches compared to the killed control batches, 
and vice versa. 

For PFCAs, which were present at lower concentrations than PFSAs, no clear trend was evident 
(Figure 35). Similarly, no clear trends could be discerned for polyfluorinated species, again, 
possibly in part resulting from various formation, degradation, or conjugation reactions and in part 
caused by the lack of appropriate internal standards. 

 

Figure 35: Differences in normalized PFCA concentrations between samples pretreated by 
Trametes versicolor and killed controls, averaged for triplicate samples. A negative value 
indicates a lower concentration in the fungal batches compared to the killed control batches, 
and vice versa. 
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Figure 36: Differences in (select major) normalized polyfluorinated species concentrations 
between samples pretreated by Trametes versicolor and killed controls, averaged for 
triplicate samples. A negative value indicates a lower concentration in the fungal batches 
compared to the killed control batches, and vice versa. 

We note that throughout the 19-day experiment, no aqueous fluoride as line of evidence for C-F 
bond cleavage was detected in any of the batches. Consequently, biotransformation resulting in 
defluorination of the PFAAs cannot be confirmed by these experiments despite strong observed 
concentration decrease for the highly concentrated PFSAs. One explanation for these observations 
may be that the fungal culture produced more biomass than in the killed control, leading to more 
biosorption of PFASs to cell material. Likewise, we cannot conclude that PFAAs are not 
biodegradable. Luo and co-workers [9-11] reported PFOA and PFOS transformation to occur in a 
laccase-mediator system over several months. Longer and more targeted experiments should be 
conducted to follow up on our and previous findings. 

In contrast, fungal degradation of non-fluorinated AFFF components was readily observed. Figure 
37 shows the degradation of one of the major hydrocarbon surfactants in the AFFF sample, a C10-
polyethoxylate homologous series. Concentrations decreased mostly within the first four days, 
when the activity of secreted enzymes was the highest in planktonic growth. Analytical variability 
was high in the killed control (Figure 38), likely at least in part due to lack of appropriate mass-
labeled internal standards for alkyl ethoxylate surfactants. However, overall, the relative species 
concentrations were consistently and substantially higher in the killed control than in the fungal 
batches. Alkyl ethoxylates are known to readily biodegrade under both aerobic and anaerobic 
conditions [18]. 
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Figure 37: C10-alkyl ethoxylate surfactant concentrations over time during fungal 
pretreatment normalized to the initial concentrations. 

 

Figure 38: C10-alkyl ethoxylate surfactant concentrations over time in the killed control 
normalized to the initial concentrations. The red line shows the initial concentration. 

5.3.2 Combined fungal-electrochemical treatment of AFFF 

Figure 30 shows the electrochemical oxidation kinetics of PFOS in the AFFF sample after fungal 
pre-treatment. While no meaningful improvement in the rate constant (0.0040 min-1) was observed 
in comparison to the untreated AFFF sample (0.0039 min-1), the current density had decreased by 
20% to 100 mA/cm2 at a constant applied potential of 30 V, likely due to fungal degradation of 
other, more readily biodegradable AFFF components. This led to a 20% lower energy consumption 
of the electrochemical treatment process, with the EEO decreasing from 1,600 to 1,200 kWh/m-3 
for PFOS after fungal pretreatment (Figure 39). 
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Figure 39: Electric energy per order of PFOS removed with and without fungal pre-
treatment. 

5.4 Conclusions 

Destruction of PFASs in impacted environmental matrices is preferable over removal and disposal. 
However, destructive technologies that are effective for PFASs, including electrochemical 
treatment, are very expensive. While our relatively short-term experiments cannot confirm 
biodefluorination, biomineralization, or even biotransformation of highly persistent PFAAs (and 
likewise not exclude it), they do imply that many AFFF components such as hydrocarbon 
surfactants are readily biodegradable. For treatment processes whose efficiency is impacted by 
competition of co-occurring contaminants (e.g., electrochemical oxidation, but not incineration), 
remediation cost savings are possible by granting natural degradation processes time and space, 
and focus these expensive treatment methods on the most persistent species such as PFAAs only. 

Nevertheless, it is our strong suggestion to keep exploring biological degradation processes for 
PFAAs. Besides experimental approaches, these investigations should make use of theoretical 
approaches to screen for thermodynamically and kinetically favorable mechanisms (e.g., 
references 9 and 11). Fungal degradation is a promising avenue as it generally accounts for up to 
75% of the microbial biomass in surface soils, where typically the highest PFAS concentrations at 
AFFF-impacted soils are found [3,22]. 
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6   CONCLUSIONS AND IMPLICATIONS FOR FUTURE RESEARCH 
AND IMPLEMENTATION 

The overarching goal of this project was to advance the efficacy of bioelectrochemical treatment 
for the remediation of groundwater contaminated by mixed contaminants. The guiding idea was 
to establish contaminant degradation by flow-through mesh electrodes, enabling in situ 
implementation such as in a permeable reactive barrier. 

For mixed 1,4-dioxane and CVOC contaminations, we showed that both electrochemical and 
biological oxidation kinetics occur on similar time scales, meaning that these two treatments can 
be combined in one single simultaneous process. During bioelectrochemical treatment, 1,4-
dioxane was reduced by several orders of magnitude from over 100,000 µg/L to below our 
detection limit of 3 µg/L. Consequently, this technology should be effective in source zones as 
well as in dilute plumes, possibly meeting the strict low- or sub-ppb 1,4-dioxane regulatory limits, 
where solely (co-)metabolic bioremediation approaches are challenged. While the presence of the 
strong inhibitor 1,1-DCE slowed bioelectrochemical 1,4-dioxane degradation, it did not stall it. 
Furthermore, we showed that the dimensionally stable mesh electrodes should be operative for 
extended periods (i.e., months, years) if proper scale management via polarity reversals is 
performed. 

Prior to field implementation, limited bench-scale and pilot-scale testing is crucial because of site-
specific variability in water chemistry, contaminant concentrations, and flow rates that will impact 
reactor design and operational parameters. Bench-scale should focus on the general feasibility by 
screening a broad range of applied potentials or current densities for contaminant degradation 
kinetics and mineral precipitation, acquiring a rough understanding of the number of electrodes 
needed to reach the target treatment goal. Pilot-testing should focus on optimizing applied 
potentials as well as polarity reversal duration and frequency, assessing the longevity of the 
electrodes, formation of reaction by-products, and general operational factors such as gas 
management and safety. 

Due to the success of our research performed within this project, bioelectrochemical treatment of 
mixed 1,4-dioxane and CVOC contaminations has been scaled up and is currently pilot-tested at 
an undisclosed non-DoD site in the U.S. In collaboration with Jacobs Engineering, we built drum-
scale reactors to test the treatment process at larger scale under real-world conditions (Figure 40). 
While final results will be reported at a later date, current results after ~1 year of operation look 
promising. Importantly, oxidation by-products generated from electrochemical oxidation are 
completely removed in a secondary biological reduction treatment. The findings of the pilot will 
be a critical first lesson in technology scale-up. Installations other than permeable reactive barriers 
are certainly possible, such as integration into subgrade biogeochemical reactors [1-3]. 

We believe that this technology is mature enough to move on to field trials, and that future efforts 
should be focused on scale-up. Other important questions that remain to be answered are whether 
bioelectrochemical oxidation can be combined with other types of bacteria including 1,4-dioxane- 
and CVOC-co-metabolizing strains and mixed cultures, and if reductive microbial processes can 
be integrated to take advantage of thus far unutilized cathodic processes. 
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Figure 40: Drum-scale bioelectrochemical reactor and rectifier for field testing, designed and 
constructed at Colorado State University in collaboration with Jacobs. 

PFASs have been challenging largely any water treatment technology, and (bio)electrochemical 
treatment is no exception. In this process, electrochemical and biological degradation rates (if any) 
are very different, requiring a spatial and temporal separation of these two processes. Our findings 
show that various mesh electrode materials are capable of breaking down even the most persistent 
PFAAs, paving the way for in situ electrochemical groundwater treatment. As several previous 
studies have shown for other electrode and reactor configurations, Magnéli-phase titanium 
suboxides appear to be especially suited for PFAS degradation. This material is slowly becoming 
commercially available and, while currently still more expensive than other effective mixed metal 
oxide materials (e.g., Ti/IrO2-Ta2O5), is seen as having the potential for economically feasible and 
competitive prices once more broadly adopted. As with other destructive treatment processes, 
concerns remain regarding the generation of organofluorine intermediates. While we did not 
observe any aqueous-phase organofluorine compounds, some were detected in the gas-phase 
exhaust of the electrochemical reactor. It seems possible, however, that these concerns can be 
mitigated through better (or possibly larger) future reactor design. Possibly greater concerns at this 
point are energy footprint and costs of in situ groundwater treatment. Electrochemical PFAS 
oxidation is notoriously mass transfer-limited, and typically slow groundwater seepage velocities 
in combination with high current densities needed for PFAS destruction results in low faradaic 
efficiency, resulting in excessive gas formation and low direct electron transfer rates to the target 
PFAS molecules. Future work should focus on optimizing process design (e.g., three-dimensional 
electrodes) and implementation (e.g., in-well installations [4]). 
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While we were unable to find conclusive evidence of fungal PFAA transformation during the 
relatively short experimental time frame (with “relative” pertaining to biological transformation 
of PFAAs in comparison to other organic pollutants), our experiments did demonstrate, however, 
that there are other non-fluorinated AFFF components that are readily biodegradable. As these 
substrates may compete with highly refractory PFAAs for sorption and degradation processes, 
such as direct electron transfer in the context of electrochemical treatment, biological processes 
should be granted time to degrade as many AFFF ingredients as possible. All water treatment and 
remediation technologies shown to break the C-F bond thus far are expensive, and these 
approaches will likely have to be focused on high-priority and/or high-concentration site locations. 
Historically, we have been depending on natural attenuation or source zone depletion processes 
for rational, sustainable, and economical site remediation. At most sites, biological processes have 
outcompeted our active engineered remedial approaches. Clearly, future research efforts should 
continue to explore natural biotic and abiotic removal and transformation of PFASs at the lab-
scale, at the (matured) field-scale, and in silico, under consideration of the assimilative capacity 
[5]. This is not the time to give up – without nature’s assistance in overall contaminant mass 
removals, low regulatory thresholds are hardly affordable. 

As water treatment and remediation technologies have matured in recent years, combining 
processes in efficient treatment trains promises further economic and environmental benefits. In 
this project, we have advanced the efficacy of bioelectrochemical treatment for the remediation of 
groundwater contaminated by mixed contaminants of concern. While we recently scaled up this 
technology to field application for 1,4-dioxane and chlorinated solvents, future work and research 
remains to be done for more persistent PFASs. At the moment, any destructive PFAS treatment is 
expensive, but process and material optimizations leading to considerable cost savings are still 
waiting to be discovered. 

6.1 Literature References 

1. Gamlin, J.; Cox, J.; Castor, A. Innovative applications of subgrade biogeochemical reactors: 
Three case studies. Remediation 2019, 29, 33-43. 

2. Gamlin, J.; Downey, D.; Shearer, B.; Favara, P. Design and performance of subgrade 
biogeochemical reactors. Journal of Environmental Engineering 2017, 204, 804-812. 

3. Gamlin, J.; Downey, D. (2017). Subgrade biogeochemical reactor (SBGR). Enviro Wiki. 
https://www.enviro.wiki/index.php?title=Subgrade_Biogeochemical_Reactor_(SBGR). 

4. Divine, C.E.; Roth, T.; Crimi, M.; DiMarco, A.C.; Spurlin, M.; Gillow, J.; Leone, G. The 
Horizontal Reactive Media Treatment Well (HRX Well®) for Passive In-Situ Remediation. 
Groundw. Monit. Remediat. 2018, 38, 56-65. 

5. Cairns Jr, J. Assimilative capacity – the key to sustainable use of the planet. Journal of Aquatic 
Ecosystem Stress and Recovery 1998, 6, 259-263. 
  



86 
 

APPENDIX A: SUPPORTING DATA 

 

 

 

 

Figure A 1: Electrochemical oxidation kinetics for the PFAAs tested in this study. 
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Figure A 1 (continued): Electrochemical oxidation kinetics for the PFAAs tested in this 
study. 

 



88 
 

 

Figure A 2: Normalized PFAS concentrations over time in a dilute AFFF sample treated with 
Trametes versicolor. 

 

 

Figure A 3: Normalized PFAS concentrations over time in a dilute AFFF sample serving as 
killed control.  
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